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ABSTRACT 
Invasion by highly aggressive, non-native, invasive plants is a significant threat to 
management and conservation priorities as these plants can transform ecosystem 
functions and processes. In this study, I investigated the non-native, invasive tree, 
Chinese tallow (Triadica sebifera (L.) Small) in the maritime forests of Parris Island, 
South Carolina. I studied the role of land-use history and modern forest disturbance in 
facilitating the invasion of Chinese tallow. I found that stands previously cleared for 
agriculture and reforested with slash pine (Pinus elliottii Englem.) since the 1970s had 
significantly more Chinese tallow stems than stands that remained forested since 1939 
and conclude that past and contemporary land-use practices facilitated the invasion of 
Chinese tallow in disturbed stands by allowing a window of opportunity for 
establishment, followed by further spread with increased propagule supply. I investigated 
the potential of white-tailed deer (Odocoileus virginianus) as a highly abundant, non-
native seed disperser, particularly its role in dispersing Chinese tallow seeds within forest 
stands. I found that while white-tailed deer did not disperse the seeds of Chinese tallow in 
this study, they were dispersing the seeds of other small-seeded non-native plants. To 
determine the most effective management option for the control of Chinese tallow and 
the restoration of the native community, I tested several integrated management options: 
herbicide (H); herbicide and fire (HF); mastication and herbicide (MH); and mastication, 
herbicide, and fire combined (MHF). Overall, I found that MHF was the most effective at 
reducing Chinese tallow density, without having a significant increase in Chinese tallow 
regeneration, when compared to all other treatment types. MHF also resulted in a positive 
iii 
response from the community by reducing midstory density of yaupon (Ilex vomitoria 
Aiton), and southern waxmyrtle (Morella cerifera (L.) Small), promoting desired oak 
(Quercus sp.) species, and increasing ground flora richness. Results from my work show 
that while land-use history and modern forestry practices increase the establishment of 
Chinese tallow, an ecologically-based integrated management approach aimed to restore 
the historic stand structure and fire regime may effectively control Chinese tallow and 
increase community resistance.
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CHAPTER ONE 
INTRODUCTION 
Invasion by non-native, invasive plants is a threat to current and future 
conservation and management priorities in natural ecosystems. Not all non-native, 
invasive plants are equal in their threat to ecosystems. Approximately only 10% of all 
non-native, invasive plants have a measureable impact on the community they invade by 
transforming structure and function (Rejmanek et al. 2005). However, these species are a 
significant concern because they impact ecosystem function and require a high level of 
effort to managing them once established. The management of non-native, invasive 
plants in natural ecosystems requires a holistic, ecosystem approach that integrates 
managing the invader and the ecological community simultaneously.  
The complexity of natural communities cannot be separated from the invasion by 
non-native plants, and the effective management of non-native, invasive plants in natural 
ecosystems should not be approached as weeds in agricultural systems (Pearson and 
Ortega 2009). These agricultural weed management-type approaches have often occurred 
in isolation of the ecological community and do not result in the levels of desired control 
of the invader due to the inherent complexity of natural systems. However, the science 
behind weed management practices (e.g., chemical selectivity and efficacy, and timing 
and method of herbicide application) could benefit the development of more integrated 
methods. In forested systems, the science and practice of silviculture has provided insight 
into using management prescriptions to favor some species over others, and restoration 
ecology has developed from a need to restore degraded systems by using successional 
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theories to speed community development to more desired or natural states. Managing 
non-native, invasive plants in forested ecosystems requires not only an understanding of 
invasion ecology, particularly the traits and processes that lead to invasion, but also an 
understanding of silviculture and restoration ecology to create conditions that increase 
community resilience to invasion through manipulations in community structure, 
composition, and the processes that promote native species and ecological function, while 
managing against the invader(s). 
Biological and ecological traits of the invading species (e.g., disturbance and 
stress response under a given set of conditions, and methods of dispersal) can be used 
against the species if those traits can be disfavored by management actions. It is 
important to understand traits that confer invasiveness and conditions that favor the traits 
of desired species in the native community. Understanding how certain traits respond to 
changes in environmental conditions can lead to manipulations that favor native species 
over the invaders. Much of the early research in invasion ecology has focused on 
identifying these traits that confer invasiveness and understanding the differences in the 
invasibility between ecosystems and communities. Elton (1958) was one of the first to 
suggest that invasions most often occur on “cultivated land, or land much modified by 
human practice”. Changes in historic disturbance regimes can favor the establishment of 
non-native, invasive plants and the restoration of the key functional processes in an 
ecosystem may build the invasion resistance in a community. However, even with high 
biotic resistance, high levels of propagule supply results in a greater likelihood of seeds 
finding refuges for continued establishment (D'Antonio et al. 2001). Understanding how 
3 
the seeds of invaders move through a community is important for limiting potential 
spread and recolonization into managed sites, and seed dispersal by vertebrates has been 
cited as providing a key mechanism for the spread of propagules to new locations within 
and beyond the invaded community (Rejmanek et al. 2005). 
The objective of this research was to determine the most effective method of 
reducing Chinese tallow (Triadica sebifera (L.) Small) abundance at Parris Island Marine 
Corps Recruit Depot, while increasing native species diversity, restoring historic 
structure, and establishing conditions for a frequent, surface fire regime that would 
increase biotic resistance in this community. The dissertation is organized in seven 
chapters. Chapter 1 provides a general introduction, including the dissertation 
organization. Chapter 2 gives a detailed synthesis on the current body of knowledge on 
Chinese tallow. By reviewing the factors that contribute to the invasiveness of Chinese 
tallow and determining the methods that have been successful for management, we were 
able to develop ecologically-based, integrated management options that were tested in the 
study. To help identify the causes (i.e., the degree of invasibility) for the invasion of 
Chinese tallow on Parris Island, historical legacy effects and modern forestry practices on 
the establishment of Chinese tallow were investigated (Chapter 3). Understanding the 
role of these anthropogenic disturbances in the establishment of Chinese tallow may help 
to mitigate potential increases in abundance by limiting opportunities for establishment 
and prioritizing the conservation of those areas with greater resistance to invasion. Seed 
dispersal is critical to the establishment of new populations of invasive plants. Given 
white-tailed deer are highly abundant on Parris Island, I investigated the role of deer in 
4 
dispersing the seeds of Chinese tallow and other non-native species (Chapter 4). Because 
applying herbicide alone has been proven ineffective in controlling invasion of Chinese 
tallow at Parris Island (Pile 2010), more effective management alternatives are needed. 
Therefore, I developed several alternative management options to control of Chinese 
tallow while seeking to also build invasion resistance in the community. To compare the 
effectiveness of these management alternatives, we tested their impact not only on 
Chinese tallow (Chapter 5), but also on the response of the native community in terms of 
regeneration processes, species composition, and stand structure (Chapter 6). In the final 
chapter (Chapter 7), general conclusions were derived from the results of the study, based 
on which management recommendations were made.   
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CHAPTER TWO 
MECHANISMS AND MANAGEMENT IMPLICATIONS OF CHINESE TALLOW 
(TRIADICA SEBIFERA) INVASION – A REVIEW 
 
INTRODUCTION 
Biological invasions are one of the five main causes of declines in global 
biodiversity, and are a fundamental driver of ecosystem degradation resulting in reduced 
ecosystem services worldwide (MEA 2005, Pyšek and Richardson 2010). Elucidating 
how a species is able to invade, establish, and be successful in a community is important 
for advancing invasion ecology and developing guidelines for biological conservation 
and management action. Whether or not a species is able to overcome the barriers to 
invasion depends on the biological traits (i.e., invasiveness) that equip the species to be 
successful in new environments. These traits may include rapid growth, high specific leaf 
area (SLA), and high levels of reproductive output and dispersal (Rejmanek et al. 2005). 
However, the traits that contribute to the success of invasive species are also dependent 
on the community they invade (i.e., the degree of invasibility), and propagule pressure 
(i.e., the number of propagules entering the community) (Lonsdale 1999). Therefore, a 
complete understanding of the success of biological invasion requires knowledge of the 
role of invasiveness, invasibility, and propagule pressure.  
Invasion by non-native, invasive tree species often has profound impacts 
on recipient communities (Lamarque et al. 2011), leading to changes in species 
diversity and ecosystem functions such as primary productivity, biomass 
distribution, litter fall and decomposition rates, carbon storage, and alterations to 
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hydrology and fire regimes (Jackson et al. 2002, Yelenik et al. 2004, Pyšek et al. 2012). 
Until recently, few tree species were featured on lists of the most widespread and 
damaging invasive species, however (Richardson and Rejmánek 2011). Trees differ from 
other exotic invasive plants in that they are slow growing, long lived and large; 
consequently they are able to dominate native vegetation, changing community structure, 
function, and ecological processes (van Wilgen and Richardson 2014). 
The most influential invasive plant species, only 10% of all invasive plants, are 
those that are able to transform the communities they invade (Rejmanek et al. 2005). 
Chinese tallow is such a species. It is the most pervasive and stand replacing exotic tree 
species in southern U.S. forests (Gan et al. 2009), with an unusual combination of fast 
growth and high tolerance to stress (Butterfield et al. 2004). It grows well on poorly 
drained or intermittently flooded, often saline soils (Cameron and Spencer 1989), and can 
achieve rapid growth in sunlight or under closed canopies (Urbatsch 2000). It has been 
reported to reduce arthropod diversity (Cameron et al. 2000), impact the life cycle of 
amphibians (Leonard 2005, Adams and Saenz 2012), displace federally endangered 
grassland bird species (Herkert et al. 2003, Perkins et al. 2003) by converting coastal 
tallgrass and marsh communities into woodland thickets (Bruce et al. 1995, Neyland and 
Meyer 1997, Wang et al. 2011), and suppress fire regimes through rapid leaf 
decomposition (Cameron and Spencer 1989).  
Chinese tallow is an aggressive invader of the US southeastern coastal plain and 
is expected to expand to 334 km north of its current range in 115 years (Wang et al. 
2011). Some models predict range expansions as far north as the Ohio River (Pattison 
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and Mack 2008). The Chinese tallow population has increased dramatically in the past 
two decades. As of 2008, Chinese tallow occupied 185,000 ha of southern forests, 
specifically at their edges and in openings of the southeastern coastal plain, prairie, and 
the Mississippi River alluvial floodplain provinces. Chinese tallow has also become the 
fifth most common tree in Louisiana where it has increased by 500% from 1991 to 2005 
and by 174 % in east Texas alone (Oswalt 2010). In Texas, Chinese tallow has become 
the most abundant sapling in the floodplain forests of the Big Thicket National Preserve 
(Harcombe et al. 1999); it is now the most abundant species in the eight-county area 
surrounding Houston (Nowak et al. 2005). 
Much of the research on invasive species, and in particular Chinese tallow, has 
addressed species traits or invasiveness or community invasibility as separate 
determinants of invasion success. However, recent efforts have integrated both of these 
invasion ecology concepts to inform management actions (Richardson and Pyšek 2006, 
Pyšek and Richardson 2010). This review provides a synthesis of the current literature on 
Chinese tallow in relation to its invasiveness, the invasibility of recipient ecosystems, and 
scientifically tested management options for its control. In particular, the common traits 
and characteristics that are known to promote invasiveness in a species are outlined and 
described for Chinese tallow. In addition, research that is focused on ecological theories 
for invasion and applied specifically to Chinese tallow are described.  
 
INVASIVENESS – SPECIES TRAITS 
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The term invasiveness refers to the traits of a given species and the ability of those 
traits to result in competitive success under a given environmental condition, including 
the life history traits and modes of reproduction that define their ability to overcome 
barriers to invasion (Richardson et al. 2011). Understanding the traits that make a species 
successful is important for managing against those factors that aid in competitiveness and 
instead managing for the traits of the native community.    
 
Growth 
Fast growth rates and overall larger size (when compared to native species or non-
invasive introduced congenera) are commonly cited traits of invasiveness (Pyšek and 
Richardson 2007, Pyšek et al. 2014). In direct sunlight, Chinese tallow can grow 2.8 m 
tall in the first two years after germination. Growth of new stems produced after 
coppicing was 11-12 feet at the end of one and more than 18 feet after two years (Scheld 
and Cowles 1981). Growth of Chinese tallow in the coastal plain of Texas peaked in late 
June and ceased in late September (Harcombe et al. 1993). Average standing biomass 
calculated from DBH (diameter at breast height) in December 1987 (5894 g/m2) and 
mean ANPP (annual net primary productivity) in 1988 (1264 g/m2) were on the high end 
when compared to seven deciduous forests in North America (650-1200 g/m2) (Webb et 
al. 1983). Chinese tallow stands had higher wood production (701 g/m2) than 15 
hardwood stands in the eastern US and Europe (Edwards et al. 1989), and was only 
exceeded by 3 pine plantations (Harcombe et al. 1993).  Direct comparisons of growth 
rates to fast growing, co-occurring, native species have not been measured, especially in 
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forested systems where native tree species are often longer-lived and larger in stature 
than Chinese tallow.  
 
Shade tolerance 
Most invasive species are r-strategists and are predominately shade intolerant. 
However, some are tolerant of shade. Shade tolerance allows them to invade 
successionally advanced communities, which makes them a unique conservation concern 
and management challenge (Rejmanek et al. 2005). Chinese tallow seedlings are capable 
of moderate growth in deep shade and rapid growth in full sunlight (Jones and McLeod 
1990), and are able to regenerate in full shade (Paudel and Battaglia 2015). Cherrybark 
oak (Quercus pagoda Raf.), characterized by intermediate shade tolerance, was out 
performed in growth by Chinese tallow, indicating that Chinese tallow is relatively high 
in shade tolerance. Chinese tallow growth exceeded that of American sycamore (Platanus 
occidentalis L.) and cherrybark oak in shade, and both Chinese tallow and American 
sycamore exceeded growth of cherrybark oak in the sun (Jones and McLeod 1989). In 
direct sunlight, Chinese tallow supported more root plus stem mass per unit of leaf mass 
than American sycamore or cherrybark oak (Jones and McLeod 1989). In shade, Chinese 
tallow had significantly higher photosynthetic rates than either American sycamore or 
cherrybark oak (Jones and McLeod 1989). In deep shade, Chinese tallow also had greater 
growth than Carolina ash (Fraxinus carolinana Mill.) but this was a result of greater leaf 
area and not greater photosynthetic efficiency (Jones and McLeod 1990).When subjected 
to various resource conditions (nitrogen and light levels), Chinese tallow out performed 
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sugarberry (Celtis laevigata Willd.) even though sugarberry is one of the fastest growing 
native trees in Texas (Harcombe et al. 1999, Siemann and Rogers 2003a). Mechanisms 
underlying the ability of Chinese tallow to establish and perform under different light 
quality and quantity scenarios (e.g., shade cast by different forest canopy types) are not 
well understood.   
 
Soil Moisture 
Chinese tallow is often found on moist or periodically flooded areas. It has been 
proposed that such conditions may facilitate invasion because the tree is unusually 
tolerant to flooding and anaerobic soil conditions (Jones and Sharitz 1990, Conner 1994, 
Bruce et al. 1997, Butterfield et al. 2004). Chinese tallow was found to have greater 
resistance to cavitation than co-occurring common persimmon (Diospyros virginiana L.) 
(Pratt and Black 2006) and can withstand higher salinity for longer periods than 
baldcypress (Taxodium distichum (L.) Rich.) (Conner 1994). Its tolerance to flooding in 
the first year of growth is comparable to water tupelo, a wetland specialist (Jones and 
Sharitz 1990). In a comparison of Chinese tallow and water tupelo (Nyssa aquatica L.), 
the higher leaf-to-stem  mass ratio of Chinese tallow relative to water tupelo indicates 
that Chinese tallow may be able to survive very wet conditions under dense canopies, 
where water tupelo may not be able to capture enough light (Jones and Sharitz 1990, 
Butterfield et al. 2004). Morphological characteristics that may be indicative of the flood 
tolerance of Chinese tallow include: hypertrophy of lenticels, development of 
adventitious roots, and production of thicker feeder roots (Jones and Sharitz 1990).The 
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presence of hypertrophied lenticels was found to be prolific on Chinese tallow stems, 
which may indicate a capacity for partial oxygen stress avoidance (Kozlowski 1984, 
Conner 1994). 
 
Soils 
 Barrilleaux and Grace (2000) examined factors contributing to the distribution of 
Chinese tallow in the coastal prairie of the southern US (southeastern Texas panhandle 
through southwestern Louisiana) where a greater extent of the invasion occurred in the 
central and eastern portion of the prairie and less so in the western portion. The 
differences in soil characteristics within the coastal prairie strongly affected growth rates 
of Chinese tallow (Barrilleaux and Grace 2000). Limited growth in the western soils was 
attributed to elevated soil salinity, possibly caused by higher ratios to evapotranspiration 
to precipitation rates common to arid regions (Savenije and Pagès 1992, Ben-Asher 
1994), and a greater coastal influence from salt spray or saltwater inputs (Barrilleaux and 
Grace 2000). Seedlings grown in the western soils had higher mortality and lower 
heights. Western soils had higher sand content, lower carbon and nitrogen contents, 
higher sodium and phosphorous content, and the highest electrical conductivity when 
compared to eastern soils (Barrilleaux and Grace 2000). High electrical conductivity is 
indicative of high soil salinity (Lopez-Bruna and Herrero 1996, Hanson and Kaita 1997), 
and high soil salinity may be a limiting factor on the growth of Chinese tallow (Conner 
1994, Barrilleaux and Grace 2000).  
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Mycorrhizae play a key role in the dynamics of temperate forests and community 
responses by influencing the outcome of competition and plant fitness (Johnson et al. 
1997, Van der Heijden and Sanders 2002). In a study of lignite overburden sites that are 
notably deficient in nitrogen, phosphorus and organic matter in Texas, Davies and Call 
(1990), found that Chinese tallow inoculated with endo- and ecto- mycorrhizae had 
enhanced growth and development compared to those without inoculation. Nijjer et al. 
(2004) studied the effect of mycorrhizal inoculum on Chinese tallow and five native tree 
species (Liquidambar styraciflua L., Nyssa sylvatica Marshall, Pinus taeda L., Quercus 
alba L. and Quercus nigra L.), and Chinese tallow had significant positive growth (65% 
increase) that was markedly different from the neutral to negative responses of the native 
species with a generalist mychorrhizal inoculation. Results indicate that an unusual 
relationship may occur between North American mycorrhizal species and Chinese tallow 
increasing invasive success of the tree, especially when native trees are unable to benefit 
from a generalist inoculum (Bever 2002, Klironomos 2003). 
 
Phenotypic Plasticity 
Phenotypic plasticity is suggested to play an important role in the success of 
invading plants (Rice and Mack 1991, Richards et al. 2006). Chinese tallow had greater 
phenotypic plasticity to light and water conditions than did little bluestem (Schizachyrium 
scoparium Michx. Nash), with Chinese tallow having more robust growth under stressful 
light conditions (Zou et al. 2009). Invasive populations of Chinese tallow were also found 
to have greater plasticity than native Chinese tallow populations, suggesting that 
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increased plasticity has evolved in the introduced range (Zou et al. 2009). The evolution 
of increased phenotypic plasticity post-introduction in response to shade is also indicated 
as a reason for the long lag time for Chinese tallow to become invasive (Zou et al. 2009).  
 
Novel Weapons  
The novel weapons hypothesis states that exotic plant species may have increased 
competitive abilities because they have biochemicals that are not native to the introduced 
environment and produce allelopathy (Callaway and Ridenour 2004). Allelopathy is the 
process by which plants release phytochemicals directly into their surrounding 
environment, inhibiting seed germination and growth of established neighboring species 
(Rice 1995). Chinese tallow has been documented to contain a variety of secondary 
compounds including coumarins (Yang and Kinghorn 1985), glycosides (Hsu et al. 
1994), diterpene-esters (Ohigashi et al. 1983), and triterpenoid acids (Pradhan et al. 
1984). Chinese tallow was reported to have allelopathic chemicals in the leaves that could 
alter the soil chemistry and negatively impact native vegetation (Flack and Furlow 1996). 
However, the chemicals were not found to impact the germination of bald cypress or 
black willow (Salix nigra Marshall), and instead enhanced Chinese tallow germination 
and seedling growth (Conway et al. 1997, Conway et al. 2002) and native little bluestem 
(Schizarchyrium scoparium) (Keay et al. 2000).  
 
Propagules: Pressure, Supply, and Dispersal 
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Propagule pressure refers to the absolute number of individuals released during 
any one release event and the number of discrete release events (Lockwood et al. 2005). 
As the number of individuals released and the number of events increases, so does 
propagule pressure and success of an exotic species (Lockwood et al. 2005). Factors such 
as number of introductions, high seed production and viability, and mode of dispersal all 
aid in increasing propagule pressure and increasing the likelihood that a propagule will 
reach a safe site and become established.  
The long history of introduction events to the southeastern U.S. and the 
cultivation of Chinese tallow for fruit production may have led to locally high levels of 
propagule pressure (in recipient communities).  Chinese tallow has been cultivated in 
China for 14 centuries as a seed crop (Bruce et al. 1997). The invasive success of Chinese 
tallow could be result of artificial selection for seed production prior to its introduction to 
North America (Butterfield et al. 2004). Chinese tallow was first introduced to the U.S. 
by Benjamin Franklin in 1776, was documented in South Carolina in the late 1700’s 
(Randall and Marinelli 1996, Meyers 2011), and was brought to Texas in approximately 
1910 by Edward Teas (Potts and Bolley 1946). The U.S. Department of Agriculture in 
the early 1800’s established the Office of Foreign Seed and Plant Introduction to promote 
species for agricultural production. Chinese tallow was promoted in the Gulf States to 
establish a local soap industry based on the high production of tallow formed in the seeds 
(Jamieson and McKinney 1938, Flack and Furlow 1996).  
Chinese tallow invests in producing many large seeds, with a mean seed weight 
between 112 to 121 mg (Lin et al. 1958). Woody plant invasions are often correlated with 
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small seed size (< 50 mg), with larger seeds extending habitat compatibility (Burke and 
Grime 1996). Larger seeded invasive plants have higher likelihood of being successful in 
undisturbed, late-successional more mature plant communities (Rejmanek et al. 2005). 
An established woodland of Chinese tallow may produce up to 4,000 kg of seeds per ha 
per year (Scheld et al. 1984).  Renne et al. (2000) found that seed crops sizes in spoil 
areas were larger than in forests and were larger in clustered trees than in isolated ones. 
Seed crops were able to reach 325,000 in a mature Chinese tallow cluster of trees in spoil 
areas where the high light environment promotes increased growth and contributes to 
larger individuals (Renne et al. 2000). In the coastal prairies of Texas, Scheld et al. 
(1984) reported that half of Chinese tallow populations flowered by the third growing 
season. In addition, seeds of Chinese tallow may retain viability in the soil seed bank for 
at least 5 years (Cameron et al. 2000).  
Studies of Chinese tallow germination indicate generally low (0-10%) 
germination rates (Bergan et al. 2000).  In a comparative study to determine germination 
rates mimicking natural conditions (soaking in a continual cold water rinse for 6, 20, 48 
or 72 hours, soaking followed by chilling (4.5 C) for 7 days, and a control without 
soaking or chilling), germination rates were low among all treatments, ranging from 0% 
germination for continual cold water rinse for 6 hours to the highest germination rate of 
10% for seeds soaked for 72 hours but were not chilled, although the difference was not 
significant (Bergan et al. 2000). Seedling emergence and survivorship were also lower in 
spoil areas and turkey-oak pine forests in comparison to mixed-pine hardwood forests. 
However viability of buried seed did not differ among the habitat types which may allow 
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for a multi-year soil seed bank (Renne et al. 2001). Although Chinese tallow trees are 
able to establish a persistent soil seed bank, seed viability was found to be higher for 
freshly collected seeds than one-year old seeds (Renne et al. 2001). 
Birds are the most important dispersal agent for invasive trees (Pyšek et al. 2014), 
facilitating introduction to new and distant sites. Chinese tallow seeds are consumed in 
large numbers by many different bird species and diverse bird assemblages use Chinese 
tallow seeds heavily as a food source regardless of the habitat type (Renne et al. 2000, 
Renne et al. 2001). As a result, Chinese tallow trees may compete with native plants for 
dispersal agents (Renne et al. 2001), because lipid-rich fruits are often favored by birds as 
winter approaches and energy demands increase (Herrera 1982). The lipid-rich seeds of 
Chinese tallow become available when many native lower lipid content fruits mature 
(e.g., Nyssa sylvatica Marshall, Cornus florida L., Ilex vomitoria Aiton, Ilex opaca Aiton, 
Celtis spp., Smilax spp. and many ericaceaous shrubs) (Renne et al. 2000). Seeds that had 
been defecated by birds and buried had higher germination relative to those unhandled 
and not buried, however, most emergent seedlings came from freshly collected, defecated 
seeds (Renne et al. 2001). High consumption and dispersal rates by specific bird species 
helps in contributing to the invasive success of Chinese tallow throughout the coastal 
plain and surrounding areas (Renne et al. 2000). Endozoochorous dispersal by mammals, 
such as white-tailed deer, is still unknown for Chinese tallow.  
Early growing season flowering time or extended flowering period is commonly 
cited as a trait that promotes invasiveness in plants (Pyšek and Richardson 2007, Küster 
et al. 2008, Godoy et al. 2009, Pyšek et al. 2014). However, the significance of flowering 
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period not been established for Chinese tallow, and reports of phenology have only been 
documented for invasive populations in India (Jaryan et al. 2014).  
 
Transformer 
Chinese tallow is considered a transformer species in the communities it invades 
(Richardson 2011), by changing coastal prairie ecosystems into woodlands (Bruce et al. 
1997), and altering the continuity of forest fuels and nutrient cycling through rapid leaf 
decomposition (Cameron and Spencer 1989, Grace et al. 2005). Annual biomass from 
leaf fall of Chinese tallow is similar to that of native deciduous trees, but the leaves 
decompose more rapidly and nutrients are turned over more rapidly in tallow forests than 
native deciduous forests (Cameron and Spencer 1989), impacting fuel accumulation and 
continuity (Grace et al. 2005). Chinese tallow may enhance productivity in the invaded 
ecosystems by rapid addition of nutrients, particularly in coastal prairie ecosystems that 
have few native deciduous trees (Cameron and Spencer 1989). Total lignin content and 
the ratio of lignin to initial nitrogen concentration, which are highly correlated to the rate 
of decomposition for hardwood tree species, were low for Chinese tallow (10.5 % lignin 
content and a ratio of 10%) compared to black willow (23.7 % lignin content) and other 
temperate deciduous hardwoods (12-27 % lignin content and a ratio between 13-26%) 
(Meentemeyer 1978, Melillo et al. 1982, Shure et al. 1986, Cameron and Spencer 1989). 
The initial concentration of N and Ca in Chinese tallow leaves were also found to be 
nearly twice that of native tree species (Cameron and Spencer 1989).  
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INVASIBILITY – COMMUNITY TRAITS 
The degree to which a community can be successfully invaded by a non-native 
species is referred to as invasibility. The invasibility of a community is dependent on the 
amount of available resources at the time of invasion, which is closely linked to the 
disturbance level (Davis et al. 2000), and to levels of biotic competition for resources, 
whether the invading species may fill a niche for resources that is not currently used by 
the recipient community, and the presence of herbivores, pathogens, and predators that 
can act as a constraint to the establishment of a new species (Pyšek and Richardson 
2010). The invading species may also benefit by mutualisms or facilitative effects from 
resident biota. These community factors, coupled with highly competitive traits 
commonly associated with invasive plants, can help to drive invasive species dominance.  
 
Empty Niche Hypothesis 
The empty niche hypothesis is based on the invaders ability to occupy a niche not 
currently filled by the resident community. A niche opportunity is provided for an 
invading species if it results in a positive rate of increase from low to high densities (Shea 
and Chesson 2002). Chinese tallow’s success may be attributed to occupying a unique 
niche that is not currently utilized by native species in its introduced range. Its ability to 
grow well on a wide range of sites including poorly drained or intermittently flooded 
soils that are often saline (Cameron and Spencer 1989) may aid in its invasive success 
especially if native species are not well-adapted or competitive under these conditions. 
Additionally, Chinese tallow seeds were found to have the highest germination success 
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during the months of January and February (Cameron et al. 2000), occurring when 
perennial vegetation dies back occurs in the Gulf Coast giving Chinese tallow a 
competitive advantage (Harcombe et al. 1993). Extended leaf phenology, such as early 
leaf out or late leaf senescence, has also been cited as a potential mechanism for the 
success of invasive species in deciduous forests (Fridley 2012), but has not been 
evaluated for Chinese tallow.  
 
Disturbance and the Fluctuating Resource Hypothesis 
Disturbance is commonly cited as a facilitator and driver of non-native species 
invasion (Lockwood et al. 2013). Human-mediated disturbance appears to play a role in 
Chinese tallow invasion, and was found to have a significant association with the 
probability of occurrence (Paudel and Battaglia 2015). In South Carolina, the sites with 
the highest density and largest reproductive trees were found predominately on spoil 
dredge areas and other highly disturbed sites (Renne et al. 2001). Forest harvesting 
operations also increased Chinese tallow abundance (Johns et al. 1999). Following 
harvest of three tracts of plantation pine for the restoration of bottomland hardwoods, 
Chinese tallow changed from a minor component to the most dominant species (Johns et 
al. 1999). Natural disturbances have also been found to increase Chinese tallow 
abundance. Seventeen years after Hurricane Andrew (1992), Chinese tallow represented 
25% of all tree stems in ridge community plots in Louisiana when no Chinese tallow 
existed prior to the hurricane (Conner et al. 2014). Following Hurricane Rita (2005), 
Chinese tallow had accelerated growth into the canopy in east Texas (Harcombe et al. 
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2009). In contrast, studies in Texas grasslands indicate that Chinese tallow is able to 
establish without disturbance (Bruce et al. 1997, Grace 1998). 
 
Enemy Release and Increased Competitive Ability  
The enemy release hypothesis states that an exotic species encounters its 
introduced range it will increase in distribution and abundance resulting from a decrease 
in control from herbivory and other natural enemies (Keane and Crawley 2002). When 
exotic plants in their native range are adapted to resource rich environments, these 
species are even more likely to become invasive because of their fast growth due to a 
synergistic relationship between being released from enemies and resource use efficiency 
(Blumenthal et al. 2009). The evolution of increased competitive ability hypothesis posits 
that exotic species will grow faster and produce more seeds in the introduced 
environment than in their native range due to greater resource availability in the 
introduced range and no biotic resistance from natural enemies (Crawley 1987, Blossey 
and Notzold 1995).  
In North America, Chinese tallow is rarely grazed by native herbivores (Bruce et 
al. 1997, Siemann and Rogers 2001). In response, Chinese tallow has evolved a reduction 
in defense allocation and an increase in allocation to growth and/or reproduction 
(Siemann and Rogers 2001, 2003c, b). Invasive ecotypes of Chinese tallow have a 
reduced resistance to generalist and specialist herbivores when compared to native Asian 
ecotypes (Siemann and Rogers 2003b, Zou et al. 2008).  Native specialist beetles 
(Bikasha collaris), a major pest of Chinese tallow in China, and Melanoplus 
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angustipennis, a North American generalist grasshopper, consumed more leaf area of 
invasive populations when given the choice between native and invasive ecotypes 
(Siemann and Rogers 2003c, Zou et al. 2008). The difference in preference indicates that 
the invasive ecotype is more palatable and/or less defended then the native ecotype 
(Blossey and Notzold 1995, Daehler and Strong 1997, Siemann and Rogers 2003c). 
Invasive ecotypes of Chinese tallow were also found to have rapid compensatory 
regrowth following herbivory and herbivore tolerance (Rogers et al. 2000, Rogers and 
Siemann 2002, Rogers et al. 2003, Rogers and Siemann 2004).  
When a species is released from herbivore pressure, it may reallocate defense 
chemicals to increase growth resulting in an increase in competitive ability (Blossey and 
Notzold 1995). The evolution of increased competitive ability has been cited as 
explaining larger growth and reduced chemical defenses of non-native invasive ecotypes 
of Chinese tallow to native ecotypes (Siemann and Rogers 2003b, c, Siemann and Rogers 
2008).  Invasive Chinese tallow when compared to native ecotypes grew more vigorously 
regardless of herbivory or neighbor effects from competition due to reduced carbon costs 
associated with photosynthesis and the availability to reallocate carbon to tissue growth 
(Zou et al. 2007, Huang et al. 2012). The invasive ecotype of Chinese tallow was 
reported as having significantly greater shoot, root and total mass than the native ecotype 
when grown in the native range even though it had a greater degree of herbivory (Zou et 
al. 2006). Invasive ecotypes also were shown to have greater overall uptake of total soil 
N, lower root to shoot ratios (Zou et al. 2006), and higher assimilation rates than native 
ecotypes (Zou et al. 2007). Lower root to shoot ratios indicate that invasive ecotypes are 
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able to use soil nutrients more efficiently than native ecotypes, which allows for 
increased nutrient uptake with relatively lower below-ground allocation of  C (Zou et al. 
2006).  
 
Facilitation and Enhanced Mutualisms  
Exotic invasive species may have greater success of establishing through the 
facilitation of native species by either directly or indirectly making environmental 
conditions more favorable (Bruno et al. 2003). Chinese tallow was highly abundant and 
was found to be more likely present in dense wax myrtle (Morella cerifera L. Small) 
shrub thickets than in surrounding floating marsh vegetation, suggesting that wax myrtle 
has an overall facilitative effect on the invasion of Chinese tallow in that ecosystem 
(Battaglia et al. 2009). The woody canopy of wax myrtle provides perches for birds and 
may facilitate dispersal of Chinese tallow seeds and other bird-dispersed species and 
thereby establishing foci for recruitment (Battaglia et al. 2009). The co-occurrence of 
Chinese tallow and wax myrtle may be driven in part by overlapping periods of fruit 
ripening (Clark et al. 2004). However, once established Chinese tallow growth was 
inhibited by wax myrtle by competition for light (Battaglia et al. 2009). 
Exotic invasive plants may have enhanced facilitation by soil biota in the 
introduced range compared to biota in the native range (Reinhart and Callaway 2006). 
Niijer et al. (2008) found that Chinese tallow seedlings experienced significantly stronger 
positive interactions (growth and aboveground biomass) with active soils (non-sterilized) 
receiving fertilization, and had significantly higher mycorrhizal colonization levels in 
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fertilized soils when compared to native species (Liquidambar styraciflua L., Nyssa 
sylvatica, and Quercus nigra L.). Such unusual growth benefits in active, fertilized and 
potential mycorrhizal mutualism may provide Chinese tallow a performance advantage 
over natives in the forest understory and may especially aid in its success in invading 
sites with increased anthropogenic nutrient inputs (Niijer et al. 2008).  
 
LIMITING FACTORS 
Dispersal limitation and low temperatures are expected to limit the range of 
Chinese tallow across the eastern US (Pattison and Mack 2008). According to Gan et al. 
(2009), approximately 80% of the existing Chinese tallow invasions of southern US 
forests occur at elevations lower than 50 m and on slopes less than 2 degrees, with no 
invasions reported on elevations higher than 165 m or on slopes greater than 18 degrees. 
Chinese tallow also has not been reported in areas where minimum extreme temperatures 
in January were lower than -12oC (Gan et al. 2009). 
The availability of various resources has been shown to affect establishment 
success. Low light levels in microhabitats was found to affect Chinese tallow growth but 
will not impede germination (Pattison and Mack 2008) and invasion may occur at faster 
rates on sites with higher moisture levels, when compared to drier locations (Hsu 1928, 
Lin et al. 1958, Khan et al. 1973, Scheld and Cowles 1981, Helm et al. 1991, Singh et al. 
1993). Chinese tallow is limited by extremely arid conditions, although it is considered 
drought tolerant as an adult, particularly in clayey soils (Bruce 1993, Barrilleaux and 
Grace 2000). Competition for nitrogen may limit establishment in lowland closed-canopy 
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microhabitats, and competition for water may limit establishment in upland open-canopy 
habitats (Pattison and Mack 2008). Soil salinity may also be a limiting factor in Chinese 
tallow distribution (Conner 1994, Paudel and Battaglia 2015). While Conner (1994) 
reported Chinese tallow was able to tolerate a moderate level of salinity, field conducted 
studies suggest that there is an important limit to the seaward spread which may render 
these highly saline habitats less invasible (Alpert et al. 2000, Paudel and Battaglia 2015). 
Chinese tallow is also considered intermediate in tolerance to root competition for water 
and nutrients (Jones and Sharitz 1990).  
 
MANAGEMENT 
Forest ownership and land management activities may increase or decrease the 
invasibility of forest communities. It is expected that private lands would be more likely 
to have Chinese tallow than public lands, because private lands are less closely monitored 
and more frequently harvested. Private lands also lack policy incentives to implement 
invasion prevention (Colton and Alpert 1998, Gan et al. 2009). Models evaluated by Gan 
et al. (2009) indicate that artificially regenerated forest stands could lower the risk of 
Chinese tallow invasion, however, timber harvesting will generally enhance the 
probability of tallow invasion by exposing mineral soil, creating an opening and reducing 
competition from dominant species. Site preparation and artificial regeneration on 
harvested sites were suggested to reduce the likelihood of future invasions by Chinese 
tallow (Wang et al. 2014), however this has not been determined experimentally. 
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Because Chinese tallow seeds are large, they may provide adequate nutritional 
resources to emerge from deep mulch depths before requiring energy from 
photosynthesis (Bonner 1989, Donahue et al. 2004). Direct and indirect effects of 
mulching were measured to determine if mulching alone inhibited germination or if 
indirect effects of temperature reduced germination. The effect of temperature alone 
explained 87% of the variation in germination. Mulching only resulted in lower 
germination rates when depths exceeded 5cm resulting in a damping effect on soil 
temperature when compared to bare soil (Donahue et al. 2004). 
Total nonstructural carbohydrate (TNC) accumulation in roots is an ecophysical 
process (Glerum 1980, Hopkins and Hüner 1995) that is often correlated with 
phenological development and is used to develop recommendations for effective 
herbicide treatments (Conway et al. 1999). The timing of foliar herbicide application 
should occur when there is an increased downward translocation of TNC. The highest 
plant mortality occurs when the herbicide is assimilated into perennating buds and organs 
(Bóo and Pettit 1975, Wilson et al. 1975, Sosebee 1983). TNC concentrations in Chinese 
tallow were found to be highest during leaf fall and lowest during leaf and seed 
development. Root carbohydrate sources supply energy for the increased metabolic costs 
associated with the break in dormancy, bud break, and root and leaf development the 
spring, which results in decreased root TNC levels (Hopkins and Hüner 1995, Conway et 
al. 1999). Therefore, greatest mortality should occur when herbicide is applied during 
seed maturation and leaf fall (Conway et al. 1999).  
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Injection appeared to be a more effective method of herbicide application than 
foliar applications (Johns et al. 1999).  In a study on the efficacy of imazapyr, triclopyr, 
and glyphosate using ‘hack and squirt’ application methodology, Gresham (2010) found 
that all three herbicides were effective with no effect on native live oak (Quercus 
virginiana).  Of the three herbicides, imazapyr as a 50 percent v/v solution with 
Habitat™ was the most effective at defoliation. In a study investigating several herbicide 
treatment methodologies (cut stump, basal bark, and foliar) using aminocyclopyrachlor  
(DuPont, Wilmington, DE), aminopyralid (Milestone VM™, Dow AgroSciences, 
Indianapolis, IN), fluroxypyr (Vista XRT™, Dow AgroSciences, Indianapolis, IN), 
imazamox (Clearcast™, BASF, Research Triangle Park, NC), triclopyr amine (Garlon 
3A™, Dow AgroSciences), and triclopyr ester (Garlon 4™, Dow ArgoSciences), only 
triclopyr (ester and amine formulations) did not provide consistent control of root collar 
and lateral root sprouting (Enloe et al. 2015).  
Chinese tallow is considered a fire suppressor in the communities that it invades 
(Richardson 2011). Its rapid leaf decomposition reduces the horizontal continuity of fuels 
and decreases fire frequency and intensity in systems that are historically characterized 
by frequent, low intensity fires (Cameron and Spencer 1989). The bark of Chinese tallow 
becomes thicker with age; it is an aggressive sprouter after top kill; and it can root sprout 
distances greater than 5 m from the main stem thereby allowing it to persist after fire 
(Grace 1998). However, there is some evidence that prescribed fire might be an effective 
management option for Chinese tallow. Studies have shown that if sufficient fuels are 
present, fire can reduce germination probability, and growing season burns may be hot 
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enough to topkill even larger trees (Grace 1998, Burns and Miller 2004).  The ability of 
Chinese tallow to suppress fuels under its own canopy may mean that only isolated trees 
can be controlled with fire unless additional control methods such as chemical or 
mechanical treatments are applied (Grace et al. 2005). Effects of frequent fire on 
establishment and persistence of Chinese tallow has not been studied.  
 
Integrated Management  
Little scientific information exists for the development of integrated management 
treatments for control of Chinese tallow (Meyers 2011). If multiple treatments are 
considered, timing for the control of Chinese tallow may be important. Mechanical 
control applications for Chinese tallow should occur when TNC levels are at their lowest 
(spring) and herbicide applications when TNC levels are at their highest (fall) (Conway et 
al. 1999). In addition, sites with high densities of Chinese tallow may require mechanical 
treatments prior to application of prescribed fire in order to create the necessary surface 
fuels (Grace et al. 2005). 
 
USING SCIENCE TO INFORM MANAGEMENT 
Chinese tallow is considered one of the worst invaders of the southeast US 
because of its ability to transform the structure and function of ecosystems. The invasive 
traits of Chinese tallow have been well documented, including rapid growth, high stress 
tolerance, and ability to establish in intact forests, high fecundity, and potential for long 
distance dispersal by birds. In addition to its high invasiveness, some sites are much more 
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susceptible to invasion than others. Communities with a high level of disturbance or with 
infrequent fire are where Chinese tallow can quickly establish and achieve dominance.  
The impact of invasive species and practical solutions to solving invasion 
problems have often lagged behind scientific studies that focus only on case studies, 
biogeographical patterns and ecological mechanisms (Pyšek and Richardson 2010). There 
is a pressing need for research to repair ecosystems following invasion, and particularly 
those relating to legacy effect, secondary invasions, and ways to predict the ecosystem 
response to different forms of manipulation (Pyšek and Richardson 2010). In addition, 
science is needed to address management of invasive species in some systems where re-
establishing reference ecosystem conditions is no longer a viable management option 
(Stromberg et al. 2009, Pyšek and Richardson 2010). 
Many management actions are disturbances. Understanding which disturbances 
enhance or impede invasion is important to determine the drivers of invasion as well as to 
identify the options available for management (Hobbs and Humphries 1995). 
Management of invasive species requires targeted applications to the species and 
ecological conditions that favor the desired outcome for the community. Managing for 
desired community structure, composition, and function may become even more 
important than single species management as the establishment of one invasive species 
may lead to more invasions (i.e., invasional meltdown Simberloff and Von Holle (1999). 
 
RESEARCH NEEDS 
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 Overall, the rate at which biological invasions are degrading ecological 
communities shows no signs of slowing despite increased control measures and 
management efforts. Invasion by Chinese tallow is no exception. Continuing to develop 
scientific knowledge regarding the patterns and processes of Chinese tallow invasion will 
inform management for this species and increase our overall understanding of plant 
invasion ecology. Based on the reviewed literature, there are gaps in our scientific 
understanding of Chinese tallow and invasion ecology that future research efforts should 
seek to fill.   
 Knowledge of the degree to which Chinese tallow has altered the plant 
communities it invades is limited. Missing knowledge includes the full effects of Chinese 
tallow invasion at multiple scales and levels of organization within communities and 
ecosystems. Chinese tallow is documented as aggressive invader of coastal grassland 
communities, resulting in transformational changes to the structural and functional 
properties of grasslands into woodlands. However, little knowledge exists of the 
ecological impact Chinese tallow has in forested ecosystems other than increases in 
abundance. Additionally, it is important to determine if Chinese tallow is a passenger or 
driver of ecological change in forested communities as this could have important 
underpinnings for approaching management. Chinese tallow can establish under an intact 
forest community. However, it is not well-understood if Chinese tallow changes aspects 
of ecosystem function through its establishment and population growth, or if Chinese 
tallow is a symptom of ecological change prior to or at the time of invasion. Chinese 
tallow can alter fuel characteristics limiting fire spread; however, it has not been 
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determined if fire suppression led to the invasion by Chinese tallow or if invasion by 
Chinese tallow led to a functional change in the community by reducing fire frequency.  
Research is needed on the competitive ability of Chinese tallow in relation to 
native species in terms of long-term dominance and persistence. Although Chinese tallow 
has fast growth rates, it is also relatively short-lived and short in stature when compared 
to native tree species. It is unknown whether Chinese tallow will achieve and maintain a 
dominant position in the forest canopy through the competitive exclusion of other fast-
growing, but longer-lived and larger statured native tree species.  
There is a need to quantify ecological differences between the ecosystems and 
communities being invaded by Chinese tallow versus those that are resistant to invasion. 
This includes understanding site-level conditions that aid in invasion success. Recent 
modelling efforts and observational studies have provided a framework for understanding 
invasion potential associated with biotic and abiotic conditions. However, more 
information is needed including experimental and observational approaches that make 
direct comparisons between communities which can increase our understanding of 
community susceptibility to invasion.  
Understanding the causes of lag phases in population growth of Chinese tallow 
would help to understand the population dynamics of the species. According to Hobbs 
and Humphries (1995), lag phases can depend on whether the delay in population growth 
resulted from the time it took to develop highly invasive genotypes after initial 
introduction, if they are due to episodic events or alteration to a certain set of 
environmental conditions that favored rapid population growth, or from a continual rate 
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of population growth that goes unnoticed until it becomes widespread. In addition, 
determining the role of mammals in the dispersal of Chinese tallow provides information 
for modelling potential spread and colonization to new sites and provides insight into 
important trophic interactions in invaded communities. Long distance dispersal by 
mammals is believed to have aided in the rapid migration and spread of woody species 
post-glaciation (Poschlod et al. 2005). However, outside of avian species little is known 
about the dispersal of Chinese tallow by other vertebrates.  
There are few studies that attempt to compare the ecological processes that govern 
Chinese tallow populations in the native and invasive ranges. Studies that attempt to 
compare Chinese tallow population types have primarily focused on experimentally 
testing the enemy release hypothesis and the theory of increased competitive ability using 
generalist and specialist predators (Siemann and Rogers 2003c, b, Rogers and Siemann 
2004). However, using a biogeographical approach to understand differences regarding 
the abundance, interaction strengths, and ecosystem impacts of Chinese tallow in native 
and invasive ranges may provide a broader level of ecological understanding for this 
species and for the foundations of invasion ecology.  
 Testing methods for the control of invasive species that are most relevant to 
managers by using an ecosystem management approach and to determining what control 
methods produce desired gains in native plant cover, density, or biomass has been 
identified as a major gap in the management of invaders. Current research on the control 
of Chinese tallow report the efficacies of treatments developed without considering the 
ecology of the plant communities in which the species occurs. Future research should 
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consider post-removal legacy effects, secondary invasions, and prediction of ecosystem 
response to different forms of manipulation. In addition, frequent prescribed fire is cited 
as a potential management option to control Chinese tallow. However, there is little 
information regarding the sprouting ability of Chinese tallow to repeated top-kill, 
including effects of seasonality, periodicity, and eventual mortality. This information 
would provide managers with information regarding how many prescribed burns, how 
often, and during what season would be necessary for the most effective control of 
Chinese tallow.    
 As ecological communities are pushed further outside their range of natural 
variability, from increased human pressure on natural resources and climate change 
resulting in increasingly novel communities, it may become important to understand how 
non-native species may potentially replace or augment lost ecosystem services or 
functions. Future research may need to determine how Chinese tallow could fill an 
important ecological niche in degraded communities that is not currently or cannot be 
restored through native species. In addition, determining how climate change may 
influence the invasion dynamics, interactions, and competitive ability of Chinese tallow 
will be important for managing Chinese tallow into the future.  
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ABSTRACT 
 Abandoned agriculture, biotic homogenization, and modern human-associated 
forest disturbances can drive invasion by non-native invasive species (DeGasperis and 
Motzkin 2007; Kuhman et al. 2010). The southeastern US maritime forest has a long 
history of human modification and is currently threatened by several ecological drivers, 
including non-native invasive species. Practices from past (e.g., land clearing for 
agriculture) and current (i.e., plantation monocultures) land-use may facilitate the 
invasion success of non-native plants. We investigated if land-use history and modern 
forest disturbance have facilitated the invasion of Triadica sebifera (L.) Small (Chinese 
tallow) in the maritime forest of Parris Island, SC. We found that stands previously 
cleared for agriculture and reforested with slash pine (Pinus elliottii Englem. since the 
1970s (i.e., disturbed stands) had significantly more T. sebifera stems than stands that 
remained forested since 1939 (i.e., remnant stands). Remnant stands had significantly 
higher woody species diversity (F = 4.13; p = 0.04) and had significantly higher 
variability in species composition and structure than disturbed stands. Conversely, 
disturbed stands were more homogeneous, dominated by fewer species, and had a denser 
woody understory when compared to remnant stands. Contemporary forest practices (i.e., 
prescribed burning and thinning) were positively associated with T. sebifera abundance, 
explaining 34% of the total variation in stem density (F = 10.24; p < 0.01). T. sebifera 
individuals were found to establish immediately after forest thinning. The number of T. 
sebifera individuals established per year has increased exponentially. We conclude that 
past and contemporary land-use practices facilitated the invasion of T. sebifera in 
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disturbed stands by allowing a window of opportunity for establishment, followed by 
further spread with increased propagule supply.   
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INTRODUCTION 
The successful invasion of a community by a non-native, invasive species can be 
attributed to three primary factors: the number of propagules entering the community 
(propagule pressure), the characteristics or traits of the invasive species (invasiveness), 
and the susceptibility of the community to invasion (invasibility) (Lonsdale 1999). 
Previous studies reported that the invasibility of a community often increases due to 
changes in historic disturbance regimes (Burke and Grime 1996; Hobbs and Huenneke 
1992; Lozon and MacIsaac 1997), and may depend on the land-use history of the site 
(Vilà and Ibáñez 2011). 
Disturbance is an ecological disruption that results in some type of open 
opportunity or vacancy in a community, which could be quickly filled by non-native 
invasive plants. Characteristics of post-disturbance plant communities associated with 
increased susceptibility to successful invasions (site invasibility) have been described in 
communities ranging from coastal marshes where the timing of wrack deposition 
facilitates the establishment of Phragmites australis (Cav.) Trin. Ex Steud. (Minchinton 
2002), to the invasion of Centaurea species after over-grazing in grasslands (DiTomaso 
2000), and the promotion of invasion by fire in many ecological systems worldwide 
(D’Antonio 2000), such as Bromus tectorum L. in the western US (Whisenant 1990). 
Disturbance factors cited as facilitating plant invasions include grazing by domesticated 
and feral animals, soil disturbance, forestry practices like site preparation that favors 
planted species, fire, development, and agriculture that removes plant communities and 
alters soil properties (Lozon and MacIsaac 1997). Among hypotheses related to species 
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invasions, the theory of fluctuating resources posits that the vulnerability of a 
community to invasion increases when the availability of limiting resources 
increases (Davis et al. 2000).  The availability of ‘empty niches’ or suitable sites 
for invasion likely increase in habitats with fewer competitors, especially when 
disturbances are outside those historically associated the community (Lozon and 
MacIsaac 1997).  
After disturbance, native species may not be able to quickly acquire newly 
available resources, allowing fast-growing, highly reproductive, non-native 
species to establish. Indeed, most of the world’s worst invasive species are 
considered ‘r strategists’ (Rejmánek and Richardson 1996), which are described 
as species that are adapted to variable or unpredictable climates and have short 
life spans, rapid growth, high innate capacity for increase in numbers (rm), and 
early reproduction. Previous studies also revealed that non-native species would 
only consistently out-perform native species after those disturbances outside the 
evolutionary history of the natives (Lockwood et al. 2013), especially when the 
altered abiotic and/or biotic conditions persistent following disturbance events 
(DeGasperis and Motzkin 2007). For example, the conversion of forestland to 
agriculture has resulted in biotic homogenization and substantial reductions in 
plant diversity and abundance (Flinn and Vellend 2005; Hermy and Verheyen 
2007; Vellend 2004; Vellend et al. 2007), providing a ‘window of opportunity’ 
for plant invasion (Mosher et al. 2009), in which non-native, invasive species may 
establish prior to re-vegetation of native species (Pianka 1970).   
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Invasion by non-native species is recognized threat to biodiversity (Vila et al. 
2011), and the threat becomes especially acute in rare plant communities. Maritime 
forests are globally imperiled ecosystems with high risks of extinction (NatureServe 
2012), and the southeastern U.S. maritime forest is considered one of the rarest and least 
studied biological communities (Bellis 1995). This ecosystem has historically been 
impacted by anthropogenic stressors (e.g., agriculture and development) and now faces 
increasing threat from sea level rise and non-native, invasive species.  
Persistent and frequent anthropogenic disturbances can drive species loss 
(McKinney and Lockwood 1999), reduce community stability and resilience to sudden 
perturbation (MacDougall et al. 2013), and increase community invasibility (Lozon and 
MacIsaac 1997; Mosher et al. 2009). The presence of non-native invasive species may act 
as a driver and/or the symptom of ecological degradation. To prevent such ecological 
degradation, it is important to understand the factors governing successful invasion by 
non-native plant species, especially in ecological communities that are currently at risk, 
such as the southeastern U.S. maritime forest. 
Triadica sebifera (L.) Small (Chinese tallow) is a highly invasive, non-native tree 
species found in the US southeastern coastal plain, posing a significant threat to maritime 
forests. It is both fast-growing (Scheld and Cowles 1981), and shade tolerant (Jones and 
McLeod 1989). It is able to thrive under various site conditions including bottomlands 
with anoxic soil conditions, dry upland forests, and soils with moderate levels of salinity 
(Butterfield et al. 2004; Conner 1994; Conner and Askew 1993). Furthermore, T. sebifera 
can reach sexual maturity in 3 years (Bruce et al. 1997) and is highly fecund (Scheld et 
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al. 1984), with seeds that are bird dispersed (Renne et al. 2000) and persist in the 
soil seed bank for up to 5 years (Cameron et al. 2000). Under current climatic 
conditions and without post-invasion adaptations, the distribution of T. sebifera 
has been projected to expand to 34ºN latitude (approximately 334 km north of its 
current range) within 115 years, or with climate change (2ºC increase in 
temperature) or adaptation to colder temperatures, T. sebifera could reach 34ºN 
latitude in 101 to 106 years (Wang et al. 2011).  
Trees act as ecosystem engineers and regulate ecosystem function (Belote 
and Jones 2009; Crooks 2002). Invasion by non-native, tree species often has 
profound impacts on recipient communities (Lamarque et al. 2011), leading to 
changes in species diversity and ecosystem functions such as primary 
productivity, biomass distribution, litter fall and decomposition rates, and carbon 
storage (Jackson et al. 2002; Pyšek et al. 2012; Yelenik et al. 2004). 
Understanding the factors that contribute to invasion can help inform management 
decisions and mitigate future impact. Invasive tree species serve as a good model 
for invasion studies because they are long-lived organisms that can give insight 
into community and species response to disturbance and patterns of establishment 
through time. Understanding the role of disturbance in facilitating T. sebifera 
invasion is especially important due to its ability to create stand-replacing 
monocultures, invade intact forests, and constrain the objectives for the 
conservation of threatened ecosystems and resource management.   
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  In this study we compared forests with known disturbance history in terms of 
their abundance of T. sebifera and their current forest structure and composition. 
Specifically, we constructed disturbance histories of agriculture and forest management 
practices; quantified vegetation characteristics as measured by species richness and 
abundance, and community similarity, composition and structure; compared T. sebifera 
invasion and other vegetation characteristics between disturbed and remnant forests. We 
also described T. sebifera history based on establishment patterns and contemporary 
forest management activities. We tested the hypotheses that: 1) T. sebifera will be more 
abundant on sites with agricultural history due to greater invasibility consistent with 
reduced species diversity and structural complexity, and high between-stand similarity 
among disturbed stands when compared to remnant stands; 2) T. sebifera abundance will 
be positively related to forest thinning and prescribed fire events because these 
disturbances would provide establishment opportunities and increase resource availability 
for this fast-growing, highly competitive species; 3) there will be a significant 
relationship between the time of T. sebifera establishment and the occurrence of forest 
management practices. 
 
METHODS 
Site Description and History 
Parris Island Marine Corps Recruit Depot (MCRD) is located in Beaufort County, 
SC (Lat. 32.3289 N, Long. -80.6947 W). It comprises 3,257 hectares, of which 608 
hectares are managed forests, 1,538 hectares are salt water marsh and tidal streams, and 
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1,111 hectares are developed (housing, military training facilities) or cultivated 
(parks, golf course). Parris Island MCRD is in the Southern Coastal Plain eco-
region (EPA 2013) and has flat topography, with elevations that range from 0 to 7 
m above mean sea level. Mild winters and hot summers characterize the study 
area. Soils in the study area are generally described as fine sands to fine loamy 
sands. Soil series include Wando fine sands (sandy marine sediments, very deep 
and well-drained), Wahee fine sandy loam (clayey and loamy marine sediments, 
very deep and somewhat poorly drained), Murad fine sand (loamy marine deposit, 
moderately well to somewhat poorly drained), Williman loamy fine sand (loamy 
marine deposit, poorly drained), and Seewee fine sand (sandy marine deposits, 
somewhat poorly drained) (Soil Survey Staff 2013). All soil types in our study 
area are known to be cultivated for row crops and pasture (Soil Survey Staff 
2013).  
Most of Parris Island remained forested during early European settlement 
due its saline soils. Beginning in the 1740’s some forests were cleared for the 
establishment of indigo (Indigofera sp. L.). In 1775, Parris Island was acquired by 
Alexander Parris for the sole purpose of farming.  During the 1790s, Sea Island 
cotton (Gossypium barbadense L.) replaced indigo as the primary agricultural 
crop. By 1825, the plantations were divided and most of the arable land was used 
for cotton farming, which resulted in few remaining wooded patches. The Union 
Army occupied the island on November 2, 1861 during the American Civil War. 
Later, plantations were further divided into small tracts and given to the newly 
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freed slave inhabitants for family farming. A dairy farm existed on the island from the 
1920s until 1945 and encompassed approximately 200 hectares with approximately 100 
dairy cows. Civilian residents remained on Parris Island until 1938, when the Marines 
expanded the Recruit Depot operations to encompass the entire island. Most of the 
previous agricultural lands were maintained as open fields until Pinus elliottii Engelm. 
(slash pine) was planted in the 1970s during reforestation efforts.  
 
Community structure, composition, and T. sebifera abundance 
To assess hypothesis 1, we classified historic land use based on stands that were 
cleared at some point prior to 1939 and reforested (disturbed), and those that were 
forested at 1939 and remained forested thereafter (remnant). This provided a basis to 
measure biotic simplification between the two disturbance types based on species 
richness, stand similarity, composition, and forest structure to aid in determining if stand 
simplification from past land use facilitated T. sebifera abundance.  
 
Land use classification and management histories  
To understand patterns of historical land use on Parris Island, aerial photograph 
index images were collected from the University of South Carolina Map Library for 
1939, 1951, and 1972. Digital orthophoto quarter quadrangles for 1994 were also 
downloaded for Parris Island from the South Carolina Department of Natural Resources 
data clearinghouse. We used an ArcGIS 10.1 Bing basemap to derive current (2011) land 
use data. The aerial photograph index images were georeferenced using a 3rd order 
56 
 
polynomial with a minimum of 20 control points and a total maximum residual of 25 
meters. Forest land cover was classified for each time period based on a visual estimation 
of land cover type. We define remnant forest patches as those that were forested in 1939 
and remained forested thereafter. Each remnant forest layer was clipped over the next 
time period to determine which forest patches remained intact from 1939 through 2011 
(Figure 1).  We used this information to establish vegetation plots (described below) to 
investigate differences in community composition, structure, and T. sebifera abundance 
between areas that were once agricultural vs. the remnant forests patches. Although we 
were able to differentiate between post-agricultural areas and remnant maritime forests, 
we note that this area has had a long history of human use, from Native Americans to 
early European settlement. We classify sites as “remnant” but acknowledge that they are 
not without human influence and may have been disturbed by humans prior to 1939. For 
example, historical records for the region indicate that live oak forests have been logged 
at least twice for ship timbers beginning in the early 1700’s (Wood 1981).  
   
Vegetation Plots  
We established plots in formerly cleared (i.e., disturbed) stands (n = 6) and 
remnant forest stands (n = 4) to describe forest composition and structure (Figure 2). 
Stands selected in both forest types were randomly selected from those with minimal 
additional disturbances from military training activities. In each stand, we established 
between 2 and 8 plots (depending on the size of the stand) that were placed at least 30 
meters from the forest edge, and at least 50 meters apart. Each plot measured 20 x 40 m 
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and was divided into eight 10 x 10 m subplots, with a 1 m2 quadrat placed in the center of 
each subplot. For all trees ≥ 3 cm diameter at breast height (DBH) in each plot, we 
recorded species and DBH. In four randomly selected subplots, we recorded species and 
DBH of all saplings (trees > 1.4 m tall and < 3 cm DBH) and shrubs (> 1.4 m tall).  For 
all herbaceous and woody species less than 1.4 m tall in each quadrat, we recorded 
species, Braun-Blanquet’s cover class [1 (< 0.1); 2 (0-1%); 3 (1-2%); 4 (2-5%); 5 (5-
10%); 6 (10-25%); 7 (25-50%); 8 (50-75%); 9 (75-95%); 10 (>95%)], and height class [1 
(<10 cm); 2 (10-50 cm); 3 (50-140cm)]. We assigned species to growth habit functional 
groups, i.e., forb, graminoid, shrub, subshrub, tree, or vine (based on USDA PLANTS 
database growth habit classifications). Vegetation surveys were conducted in June and 
July of 2012 for the disturbed stands and 2013 for the remnant stands. Nomenclature and 
plant species codes follow the USDA PLANTS Database (2014).  
We determined species richness, stand similarity, basal area, density, and percent 
cover of the ground layer for each sampled vegetation plot. Richness, Jaccard’s 
Coefficient of Similarity, basal area, density, and percent cover were compared with 
paired t-tests between the two disturbance types. Percent cover was determined as the 
mid-point between each cover class. Stand similarity was determined by calculating 
Jaccard’s Coefficient of Similarity s =  (Jaccard 1912); p is the number of species 
that occurs in both stands, q is the number of species that occurs in stand Q but not in 
stand D, and d is the number of species that occur in D but not in Q. Jaccard’s 
Coefficienct of Similarity (s) has a value between 0 and 1, with 1 being the exact same 
community. Richness, Jaccard’s Coefficient of Similarity, basal area, density, and percent 
58 
 
cover were compared with paired t-tests between the two disturbance types. Percent 
cover was determined as the mid-point between each cover class.  
 
Contemporary forest management practices effects on T. sebifera abundance 
To assess hypothesis 2, we quantified the relationship T. sebifera abundance to 
two silvicultural practices: number of thinning entries and number of prescribed burns, by 
performing a multiple regression analysis using PROC REG in SAS® 9.1.3. Data on the 
timing of contemporary prescribed burns and thinning activities were collected from the 
Natural Resource Office at Parris Island MCRD. Data on prescribed burns were available 
from 1990 through present, and data from timber activities were available from 1988 
through present. 
 
Establishment pattern of T. sebifera in relation to anthropogenic disturbance 
To evaluate hypothesis 3, we determined the establishment year of each sampled 
T. sebifera by developing an equation based on age and DBH and age at the ground line 
and then tested if there was a relationship between establishment year and timing of 
disturbance. Specifically, we destructively sampled 50 trees across 4 sites at Parris Island 
outside of the study plots. We measured diameter and age at breast height (BH) and used 
regression to derive the following equation that was applied across all measurement plots:  
Age at BH = 2.08560 + 0.91895 * DBH  
(n = 50; MSE = 0.18; F = 232.51; p < 0.001; R2 = 0.83) 
We then used age at ground line to determine the relationship between age at 
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establishment and growth to BH.  
Age 0 = 0.78421 + 1.11265 * age140  
(n = 33; MSE = 0.69; F = 674.11; p < 0.001; R2 = 0.96) 
We applied this equation to all of our measured T. sebifera across all disturbed plots to 
determine the establishment age of each individual tree. We then subtracted age from the 
survey year to determine establishment year. 
We used a matched pair t-test to determine if establishment date was significantly 
different from the date of the most recent thinning or prescribed burns. If disturbance was 
facilitating T. sebifera establishment, we would expect that the t-test would be non-
significant and establishment would occur shortly after the disturbance event.  
Data were analyzed using JMP®, Version 11 SAS Institute Inc., Cary, NC 1989-
2007 or SAS® 9.1.3 SAS Institute Inc., Cary, NC. Data are reported as means and 
standard errors of the mean. Where appropriate, data were transformed to meet the 
assumptions of hypothesis testing, but values are reported in original scale to ease 
interpretability. Each p-value less than 0.05 was considered evidence of a significant 
difference. 
 
RESULTS 
Effects of historic land-use on the abundance of T. sebifera  
Basal area and density of T. sebifera was significantly different by stand type (F = 
13.04; p < 0.01 and F = 40.70; p < 0.01, respectively) (Table 1). Basal area (m2/ha) of T 
sebifera was 3.11 ± 0.67 in disturbed stands and 0.53 ± 1.90 m2/ha in remnant stands. 
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Density (trees/ha) was 1875 ± 392 in disturbed stands and 141 ± 135 trees/ha in remnant 
stands. Percent cover of regeneration of T. sebifera recorded in the ground layer of 
disturbed stands was on average 14%, there was only one recording of regeneration in 
remnant stands.  
 
Effects of historical land-use on the composition and structure of maritime forests 
Woody Species 
Species richness was significantly different between disturbance types (F = 4.13; 
p = 0.04), with remnant forests having higher woody species richness (remnant = 9.6 ± 
0.63; disturbed = 9.1 ± 0.37). Disturbed stands had higher woody stem density (1530 ± 
136 stems/ha) than remnant stands (237 ± 215 stems/ha) (F = 25.85; p < 0.01). However, 
tree basal area was not significantly different between disturbance types (F = 0.82; p = 
0.37), indicating a greater portion of the basal area was in fewer trees with a larger DBH 
in the remnant stands than the disturbed stands. The remnant and disturbed stands 
differed in species composition and abundance. The Jaccard similarity index for only 
woody species reflects the homogenization of these former agricultural lands as species 
composition was more similar among the disturbed stands (0.54 ± 0.02) but dissimilar 
among the remnant forest stands (0.41 ± 0.03), and disturbed and remnant stands were 
dissimilar from each other (0.43 ± 0.02). Basal area (m2/ha) and density (trees/ha) was 
significantly greater for Morella cerifera, Pinus elliotti, and T. sebifera in disturbed 
stands than remnant stands. In addition, density of Ilex vomitoria and Quercus pagoda 
was significantly greater in disturbed stands. Morus rubra, Quercus hemisphaerica, and 
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Quercus virginiana had greater basal area in the remnant stands when compared to the 
disturbed stands. Quercus hemisphaerica and Juniperus virginiana var. silicicola were 
denser in the remnant stands than in the disturbed stands. Disturbed stands had greater 
richness of non-native invasive woody plants than remnant stands. Species recorded only 
in remnant forests were more often tolerant of shade, had a greater degree of habitat 
specificity, and primarily occurred on moist, rich sites that were not subjected to fire 
(Burns and Honkala 1990; Miller and Miller 2005) (Table 2 and 3). Species only recoded 
in disturbed stands were characterized as shade intolerant, pioneer species, and 
potentially occupying a wide range of habitat types (Table 2).  For those species common 
to both disturbance types, we found a greater number of more shade tolerant species in 
larger diameter classes in the remnant stands, and larger numbers of shade intolerant 
species of smaller diameter classes in disturbed stands (Figure 3).  
 
Ground Layer  
Species richness was not significantly different between forest disturbance types 
for the ground layer vegetation (remnant = 12.5 ± 1.5 species; disturbed = 14.9 ± 0.9 
species; p = 0.19). Mean cover was higher for the disturbed stands (15.9 ± 0.6) compared 
to the remnant stands (8.8 ± 1.0) (F = 37.4; p < 0.01). Mean abundance of plant 
functional groups in the ground layer differed between disturbance types. Shrubs (F = 
10.47; p < 0.01), subshrubs (F = 10.15; p < 0.01), tree regeneration (F = 43.54; p < 
0.001), and vines (F = 23.13; p < 0.001) had significantly greater cover in disturbed 
forests than in remnant forests (Figure 4).  
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Triadica sebifera abundance in relation to contemporary management practices  
T. sebifera density was significantly associated with silvicultural practices (Figure 
5). Number of prescribed burns (since 1990) and number of thinning entries (since 1989) 
explained approximately 34% of the variation in T. sebifera density across all plots (F = 
10.24; p < 0.01).  
 
Triadica sebifera establishment patterns in relation to anthropogenic disturbance 
The matched pairs t-test showed that establishment date of T. sebifera was not 
statistically different from thinning operations (n = 1047; t = 0.83; p = 0.41). The mean 
difference between thinning and establishment date was 0.22 years, suggesting that 
invasion occurred after thinning. Year of burn is statistically different from establishment 
year (n = 740; t = -12.8; p < 0.001). Mean difference of establishment and year of burn 
was -3.38 years, suggesting establishment occurred prior to burning and T. sebifera may 
survive fire if burned after four growing seasons. The number of T. sebifera stems 
establishing within the disturbed plots increased exponentially through time (Figure 6), 
with a large proportion establishing within three years of disturbance.   
 
DISCUSSION 
Anthropogenic Disturbance and Invasion 
The southeastern U.S. maritime forest has been subjected to frequent 
anthropogenic disturbances for centuries. Our study provides evidence that land clearing 
63 
 
for agriculture and the subsequent establishment of plantation forests resulted in stand-
level persistent changes in stand composition and structure. Disturbed stands were more 
simplified than the remnant stands, as indicated by reduced species richness, reduced 
heterogeneity in stand structure, greater between stand similarity, dominance by few 
species in smaller diameter classes that are more characteristically pioneer types, and a 
greater number of woody, non-native invasives, particularly T. sebifera.. Our findings 
suggest that anthropogenic disturbances have caused ecological simplification as has 
been associated with successful non-native species (Domènech and Vilà 2007; Galiana et 
al. 2014; Olden et al. 2004). Previous studies have shown that areas cleared for 
agriculture often become compositionally and biogeochemically distinct from adjacent 
areas that have never been cleared or used for agricultural purposes (Compton and Boone 
2000; Eberhardt et al. 2003). In longleaf pine savannas, post-agricultural sites have 
reduced species richness due to the depletion of soil resource availability, the increase of 
tree abundance, and suppression of fire (Flinn and Marks 2007; Veldman et al. 2014). 
These human land-use alterations can make enduring changes to patterns of biodiversity 
that may persist for decades or longer and can result in biotic homogenization at a 
landscape-scale (Vellend et al. 2007).  
Maritime forests have been described as having an herbaceous layer that is sparse 
and low in species diversity, with most of the diversity being in trees and shrubs (Bellis 
1995). The variability and change in stand structure and composition of maritime forests 
has been attributed to historical fire suppression, land-clearing, and logging, leading to 
the conversion of two-layered forests with open understories to multistoried forests with 
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dense woody vegetation and abundant greenbriars (Smilax species) (Frost 2005), similar 
to the differences seen in the remnant and disturbed stands at Parris Island (Figure 7). The 
greater percent cover of regeneration of the ground layer in disturbed stands of our study 
may be attributed to differences in light levels between stand types due to forestry 
practices and the shift in canopy composition from hardwood to pine. Most of the 
disturbed stands at Parris Island were established as part of a reforestation effort on post-
agricultural lands in the 1970s, and these stands have also received silvicultural practices 
such as thinning and prescribed fire for the management of timber resources. 
Pinus elliottii was planted extensively on abandoned agricultural land during the 
1970s at Parris Island, resulting in stands that now support dense pine plantations 
dominated by four woody species, P. elliottii, T. sebifera, Ilex vomitoria, and Morella 
cerifera, resulting in a high upper pine canopy with a very dense shrub layer. In contrast, 
remnant forest communities have fewer stems per acre, are dissimilar from each other, 
have greater woody species richness, and contain more shade tolerant species with a 
larger range of diameter classes resulting in a heterogeneous structure to the canopy. The 
dissimilarity of woody species in remnant stands is consistent with Schafale and Weakley 
(1990), who reported that maritime forest communities vary naturally based on their 
physio- topographic position (e.g., distance from marsh, degree of protection from salt 
spray, elevation, height of water table).  Our results are also consistent with those of 
Bratton and Miller (1994), who reported a greater abundance of vines, grasses and forbs 
in former plantation fields and grazing lands on Cumberland Island, GA than in sites 
without agricultural history.  
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Invasion Dynamics 
At Parris Island, the success of T. sebifera in disturbed forest stands can be 
attributed to the greater invasibility of disturbed compared to remnant stands, the 
competitive strategies of T. sebifera that contribute to its invasiveness, and the 
exponential increase in available propagules as T. sebifera continued to establish, thrive 
and reproduce in disturbed forest stands.   
 
Invasibility 
The concept that disturbance facilitates invasions is one of the most commonly 
accepted ideas in invasion ecology (Lockwood et al. 2013). In our study, T. sebifera was 
found to occur in stands with a disturbance history that included agriculture, 
establishment of pine plantations, and ongoing forest management. These disturbances 
changed the structure and composition of the forest community which may have 
increased available resources and niche space for non-native plant invasion. We 
hypothesize that the disturbances in our study plots facilitated T. sebifera invasion by 
increasing available resources (fluctuating resource availability hypothesis), thereby 
increasing the community’s susceptibility to invasion (Davis et al. 2000; Lockwood et al. 
2013). Thus, the invasibility of a community is a dynamic property that changes with 
time and circumstances (Lockwood et al. 2013), as is evident in our differences between 
disturbed and remnant sites. Our findings are similar to those of Mosher et al. (2009), 
who found that areas in the northeastern U.S. that had not undergone land-use changes 
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since 1934, remaining either continuously forested or in cultivation, had the lowest 
incident of woody plant invasion. In the southern Appalachian mountains, invasive plant 
species were found in higher abundance on plots that had regrown to forest from 
abandoned agriculture since the 1940s (Kuhman et al. 2010), suggesting that species 
might become established at the time of abandonment or that invasive species might 
respond to the changes caused by the land-use history.  
Human-mediated disturbance events have been previously cited as facilitating T. 
sebifera invasions. In South Carolina, the highest density and largest reproductive trees of 
T. sebifera were found predominately on spoil dredge areas and other highly disturbed 
sites (Renne et al. 2001). In addition, prior to the harvest of plantation pine in Texas for 
conversion and restoration to a bottomland forest, T. sebifera was only a minor 
component of three forest tracts; but after harvest, T. sebifera became the dominant 
species in all three (Johns et al. 1999). In eastern Texas, more than 50% of the forests 
invaded by T. sebifera were documented as stands less than 30 years old (Wang et al. 
2014). However, in Texas grasslands, studies indicated that Chinese tallow was able to 
establish without disturbance (Bruce et al. 1997; Grace 1998), which could be attributed 
to habitat differences between forests and grassland communities, especially in 
grasslands where frequent fire is maintained as a part of the historical disturbance regime.  
Forest operations, such as thinning, can provide favorable conditions for plant 
establishment, including increased sunlight to the forest floor, exposed mineral soil, and 
reduced competition. Thinning and burning have been documented to have positive 
effects on some non-native plant species, with increases in abundance of five to seven 
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times relative to stands without such treatments (Nelson et al. 2008). We found that 
thinning facilitated the establishment in T. sebifera in the disturbed stands. In contrast, 
the remnant forest stands which have not been actively managed had few established T. 
sebifera individuals. Although we are unable to separate effects of land-use history from 
contemporary forest thinning effects on T. sebifera establishment, the coincidence of T. 
sebifera establishment year and year of thinning event suggests that this practice provided 
an additional opportunity for T. sebifera establishment.  
 
Invasiveness 
Life history traits and modes of reproduction can define a species’s ability to 
overcome barriers to invasion and hence its ability to invade (Richardson et al. 2011). 
Triadica sebifera is documented as being relatively shade tolerant and is more shade 
tolerant than natively occurring Quercus pagoda Raf. (cherrybark oak). It achieves rapid 
growth in full sunlight (Jones and McLeod 1990), is tolerant of flooding (Jones and 
Sharitz 1990), and can withstand long periods of high soil salinity (Conner 1994). 
Moreover, T. sebifera under optimal growing conditions is sexually mature after only 3 
growing seasons (Bruce et al. 1997) and can produce large annual seed crops (Renne et 
al. 2000). In comparison to the other commonly occurring native woody species at Parris 
Island, T. sebifera has the shortest period to maturity and longest known period for soil 
seed banking (Table 4). Also, being relatively shade tolerant allows T. sebifera to 
establish under an intact forest canopy, while rapid growth and high tolerance to stress 
may allow it to outcompete less disturbance-adapted native species. These characteristics 
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of invasiveness may allow T. sebifera populations to rapidly increase and continue to 
grow after initial establishment. 
Triadica sebifera is considered a fire suppressor, reducing the horizontal 
continuity of fuel through rapid leaf decomposition and thereby reducing fire frequency 
and intensity (Cameron and Spencer 1989; Richardson 2011). Indeed, T. sebifera has thin 
bark when young (Pile, unpublished data), and burning may reduce the germination 
probability of seeds (Burns and Miller 2004). Previous studies suggested that repeated 
growing season burns could effectively control T. sebifera, with high intensity fires even 
killing large individuals (Grace 1998). However, because T. sebifera can aggressively 
reproduce asexually through root and stump sprouts after topkill, dormant season fires 
may induce increased stem density after top-killing a single parent stem. Although not 
tested, a single fire may result in increased stem density, leading to increased propagule 
supply by increasing the number of fruiting stems per unit area. Our results suggest that 
T. sebifera may have the ability to survive low intensity, dormant season fires, which is 
the commonly prescribed burning technique at Parris Island. 
 
Propagule supply 
Although disturbance events may drive the initial establishment of T. sebifera, 
increased propagule supply in the community may lead to continued establishment in the 
absence of the same level of disturbance. Community resistance to invasion can be 
overwhelmed as the propagule supply increases, and, as a result, even small-scale 
disturbances (e.g., single tree mortality, soil disturbance from faunal inhabitants, weather 
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events) could lead to increased establishment in the nearby remnant forests. High 
propagule supply will increase the likelihood of seeds and seedlings finding refuges (i.e., 
“safe sites” for establishment) from competition (D'Antonio et al. 2001). The exponential 
increase in T. sebifera establishment through time in our study is characteristic of 
biological invasion, suggesting that as an increasing number of individuals become 
established due to increased propagule supply. 
The lag phase of T. sebifera establishment in the disturbed stands is evident from 
the 1970s when reforestation began, to the late 1990s when a phase of exponential 
increase began in the 2000s (Figure 6). While is it unclear when T. sebifera was 
introduced to Parris Island, it is documented that it might have been introduced to South 
Carolina in the late 1700’s (Meyers 2011; Randall and Marinelli 1996). The long history 
of introduction events to the southeastern U.S. and the cultivation of T. sebifera for fruit 
production have led to high levels of propagule pressure in the coastal regions of South 
Carolina and throughout the southeastern US. In spite of T. sebifera’s low germination 
rates, its high rates of seed production has been cited as important to its invasiveness 
(Bergan et al. 2000). Triadica sebifera has been cultivated in China for 14 centuries as a 
seed crop (Bruce et al. 1997), and the  invasive success of T. sebifera could be a result of 
the artificial selection for high seed production prior to its introduction to North America 
(Butterfield et al. 2004). In addition, T. sebifera seeds are consumed in large numbers by 
many different bird species and diverse bird assemblages (Renne et al. 2000; Renne et al. 
2001). In the absence of disturbance, the time lag for invasion in the remnant stands may 
be longer as the propagules continue to accumulate through active seed dispersal from 
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adjacent disturbed stands into the remnant stands, especially as T. sebifera seeds are 
known to remain viable for at least 5 years in the soil seed bank (Cameron et al. 2000).  
 
Management Implications 
As Lockwood et al. (2013) states, the hypothesis that disturbance facilitates 
invasion often serves as the “straw man” in invasion ecology and “role of disturbance in 
invasion dynamics bound to lead to oversimplification…  [and] making predictions… 
fraught with difficulty”. We have attempted to illustrate that abandoned agriculture and 
subsequent establishment of pine plantations led to changes in forest stand structure and 
composition in the maritime forest community at Parris Island, and when coupled with 
forest management operations, these modern and historic forest disturbances have 
facilitated the invasion by the highly competitive tree species, T. sebifera. Disturbed 
stands were associated with greater prevalence of T. sebifera than in stands without 
disturbance, even with the same level of available propagules.  
Recent modelling approaches using U.S. Forest Service Forest Inventory and 
Analysis data have demonstrated that site preparation and artificial regeneration can 
reduce the likelihood of future invasions (Wang et al. 2014). Management must insure 
that practices do not disrupt the ecological resistance within a site, and disturbance 
activities should be timed or handled in ways that decrease the invaders ability to benefit 
from them (D'Antonio et al. 2001). There is a need for future research to address forest 
operation activities including various reductions in residual basal area and prescribed 
burning on T. sebifera recruitment, establishment, and persistence; differences in T. 
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sebifera growth under varying light quantity and quality scenarios to infer differences in 
shade tolerance and establishment under contrasting forest types (i.e., pine, deciduous 
hardwood, or evergreen hardwood); differences in T. sebifera germination and growth 
between soil land-use types; and long-term invasion dynamics studies investigating rates 
of dispersal, propagule supply, and establishment among disturbance types.   
The conservation of remnant forests may be important for maintaining ecological 
resilience in the context of increasing disturbances from climate change and human 
population growth, especially in threatened or increasingly rare ecological communities. 
The factors that govern ecological resilience are well-discussed in the literature (Drever 
et al. 2006). Ecological resilience requires maintaining heterogeneous natural systems as 
opposed to simpler artificial systems (McCann 2000; Murdoch 1975). The maintenance 
of ecological function requires an array of species in all functional groups (Schindler 
1990), and the persistence of ecological function depends on having a diversity of 
responses of species within functional groups (Elmqvist et al. 2003; Naeem et al. 1994; 
Walker et al. 1999). In our study, disturbed forests were dominated by few woody species 
resulting in less complexity than remnant forests. Forest management activities at Parris 
Island may have the unintended consequence of increasing T. sebifera abundance which 
may impede ecological goals for developing resilience. Additional research is needed to 
understand how to manage for resilience by reducing non-native invasive species and 
promoting native species diversity, while also allowing for the management of timber 
resources.  
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CONCLUSION 
We found that T. sebifera, a highly competitive invasive tree species, dominated 
the disturbed stands that were established on forests previously cleared for agriculture 
and then reforested to plantations in the 1970’s. In contrast, the remnant stands in our 
study were much less invaded by T. sebifera. These stands were also more complex, 
which may allow for greater resilience and lower invasibility. Unlike the remnant stands 
that remain forested at least since 1939 and are not subject to forest management, the 
disturbed stands have been managed by common silvicultural practices such as thinning 
and prescribed fire. In these disturbed forest stands, the higher level of T. sebifera 
invasion may be the symptom, rather than the driver, of the ecological degradation 
induced by human perturbations. However, with time the increased propagule supply 
could overwhelm the biotic resistance of the remnant stands as the likelihood of 
propagules finding safe sites is increased with increasing supply of propagules. Because 
the remnant stands could provide the propagules necessary for the adjacent disturbed 
stands to increase diversity and stand complexity through time, their conservation should 
be a high research and management priority.  
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Table 1. Means and standard error of the mean for basal area (m2/ha) and density (trees/ha) of trees and shrubs by 
disturbance type (disturbed vs. remnant) on Parris Island, South Carolina. Comparisons by forest stand type are determined 
by paired t-tests by species and disturbance.  
 
Basal Area (m2/ha) 
 
Density (trees/ha) 
Species Disturbed Remnant F(p - value)   Disturbed Remnant F(p - value) 
Acer rubrum 0.71 (3.03) 0.89 (2.94) 0.12 (p = 0.75) 
 
31 (42) 79 (35) 0.76 (p = 0.45) 
Aesculus pavia 
 
0.01 (5.10) 
   
13 (269) 
 Ailanthus altissima 0.10 (4.29) 
   
38 (2219) 
  Baccharis halimifolia 0.04 (1.75) 
   
285 (906) 
  Callicarpa americana 0.06 (1.92) 
   
1480 (992) 
  Carya tomentosa 
 
0.13 (5.10) 
   
13 (269) 
 Carya ovata 0.86 (4.29) 
   
13 (2219) 
  Celtis laevigata 0.38 (2.48) 4.28 (3.61) 1.67 (p = 0.29) 
 
17 (12) 38 (15) 1.15 (p = 0.36) 
Diospyros virginiana 0.02 (4.29) 
   
13 (2219) 
  Fraxinus pennsylvanica 2.09 (1.75) 11.43 (2.94) 3.16 (p = 0.12) 
 
23 (7) 50 (10) 5.12 (p = 0.06) 
Ilex opaca 
 
0.03 (5.10) 
   
13 (269) 
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Ilex vomitoria 0.56 (0.76) 0.62 (1.54) 1.17 (p = 0.29) 
 
3017 (385) 1398 (656) 4.53 (p = 0.04) 
Juniperus virginiana var. 
silicicola 0.26 (1.36) 0.64 (5.10) 2.13 (p = 0.18) 
 
31 (5) 88 (15) 3.59 (p < 0.01) 
Lantana camara 
    
25 (992) 
  Ligustrum sinense 
 
0.24 (2.95) 
   
100 (156) 
 Liquidambar styraciflua 1.88 (1.19) 4.23 (2.28) 1.77 (p = 0.20) 
 
730 (354) 163 (592) 0.68 (p = 0.42) 
Magnolia grandiflora 
 
1.80 (2.08) 
   
54 (102) 
 Melia azedarach 0.26 (3.03) 
   
38 (1569) 
  Morella cerifera 0.71 (0.78) 0.07 (2.55) 19.0 (p < 0.01) 
 
2851 (392) 125 (135) 19.40 (p < 0.01) 
Morus rubra 0.02 (0.75) 1.96 (0.44) 108.4 (p < 0.01) 
 
13 (57) 108 (33) 2.07 (p = 0.29) 
Nyssa sylvatica 0.77 (3.03) 
   
13 (1568) 
  Osmanthus americanus 
 
0.24 (5.10) 
   
125 (269) 
 Persea borbonia 
 
0.08 (2.08) 
   
88 (110) 
 Pinus elliottii 24.65 (1.62) 9.67 (1.70) 16.2 (p < 0.01) 
 
3862 (392) 142 (90) 8.17 (p < 0.01) 
Prunus serotina 0.41 (1.62) 
   
70 (839) 
  Quercus hemisphaerica 0.89 (1.15) 4.31 (1.92) 8.62 (p = 0.01) 
 
53 (573) 138 (102) 6.75 (p = 0.02) 
Quercus laurifolia 
 
6.27 (2.28) 
   
130 (120) 
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Quercus nigra 0.90 (1.01) 1.19 (2.08) 0.68 (p = 0.68) 
 
78 (496) 44 (110) 2.32 (p = 0.14) 
Quercus pagoda 0.16 (1.43) 0.19 (2.94) 0.07 (p = 0.80) 
 
81 (17) 13 (29) 8.11 (p = 0.02) 
Quercus virginiana 2.22 (1.11) 8.06 (1.70) 4.68 (p = 0.04) 
 
64 (593) 146 (90) 2.76 (p = 0.11) 
Sabal palmetto 3.04 (1.92) 2.79 (2.94) 0.03 (p = 0.87) 
 
38 (992) 33 (156) 0.05 (p = 0.83) 
Tilia americana var. 
caroliniana 
 
4.47 (3.61) 
   
206 (190) 
 Triadica sebifera 3.11 (0.67) 0.53 (1.90) 13.04 (p < 0.01) 
 
1875 (392) 141 (135) 40.70 (p < 0.01) 
Vaccinium arboreum    0.09 (2.55)       31 (135)   
  4.17 (0.51) 3.31 (0.80) 0.82 (p = 0.37)   1530 (136) 237 (215) 25.85 (p < 0.01) 
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Table 2. Ecological characteristics of woody species only recorded in disturbed stands 
at Parris Island, South Carolina.  
Species  Ecological Characteristics 
Ailanthus altissima 
Non-native invasive. Intolerant of shade, pioneer species 
(Burns and Honkala 1990).  
Baccharis halimifolia 
Occurs along right-of-ways and in open forests and new 
forest plantations as well as shore hammocks, sea 
beaches, salt marshes, and low grounds inland. 
Noxiously weedy with expansion of range along right-
of-ways and disturbed areas (Miller and Miller 2005).  
Callicarpa americana 
Open to shady habitats. Most frequent and abundant on 
moist sites under open pine canopies (Miller and Miller 
2005).  
Diospyros virginiana 
Grows in a wide range of conditions. Shade tolerant, 
slow growing (Burns and Honkala 1990) 
Lantana camara Non-native invasive. 
Melia azedarach 
Non-native invasive. Frequently associated with 
disturbance and is commonly associated with other early 
successional species such as P. taeda and L. 
styraciflua.(Waggy 2009).  
Nyssa sylvatica Tolerant of shade, moderate growth rate (Burns and 
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Honkala 1990) 
Prunus serotina 
Intolerant of shade. Does not live for extended periods or 
move up to larger size classes without moderate to heavy 
opening in the overstory canopy (Burns and Honkala 
1990). 
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Table 3. Ecological characteristics of woody species only recorded in remnant stands at 
Parris Island, South Carolina.  
Species  Ecological Characteristics 
Aesculus pavia 
Common shrub in fertile, well-drained and moist forests, 
including low forests, protected sites on upland forests, 
and swamp margins (Miller and Miller 2005).  
Carya tomentosa 
 Tolerant to intolerant of shade (Burns and Honkala 
1990).  
Ilex opaca 
Very tolerant of shade. Mainly associated with trees of 
bottomlands, swamps, or other sites not subjected to fire 
(Burns and Honkala 1990). 
Ligustrum sinense 
Non-native invasive. Shade tolerant and can invade 
relatively undisturbed habitats following the formation of 
canopy gaps (Munger 2003). 
Magnolia grandiflora 
Tolerant of shade. Grows on rich lowland sites, or mesic 
upland sites where fire is rare. Considered to be one of 
the major species of the potential climax forest of the 
southeastern coastal plain (Burns and Honkala 1990). 
Osmanthus americanus 
 Tolerant of shade. Understory component of mesic 
coastal plain forests (Fralish and Franklin 2002).  
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Persea borbonia 
Tolerant of shade. Occurs on the borders of swamps and 
swampy drains in the rich, moist, mucky soil of the 
lower coastal plain, or in shallow ponds, strands, and 
pocosins of pine woods (Burns and Honkala 1990). 
Tilia americana var. 
caroliniana 
Tolerant of shade. Particular in its soil and moisture 
requirements, cannot tolerate very wet to very dry 
conditions, and almost always grows on moist but well-
drained soils (Burns and Honkala 1990). 
Vaccinium arboreum  
 Occupies a wide range of sites and conditions, and is a 
component of southern mixed hardwood forests which 
represent the dominant climax upland vegetation in the 
southeastern coastal plain (Tirmenstein 1991). 
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Table 4. Physiological and seed characteristics of the most common tree species found in both 
disturbance types at Parris Island. Information gathered from Burns and Honkala 1990. 
Species Shade Tolerance 
Age to 
Reproductive 
Maturity 
(years) 
Growth Rate 
Seed 
Bank 
(years) 
Acer rubrum Tolerant 4 
Rapid when 
young 
1 
Celtis laevigata Tolerant 15 
Moderate to 
fast  
Fraxinus pennsylvanica Intermediate to intolerant 
8 – 10 cm 
DBH (or 40 + 
years) 
Moderate 4 
Juniperus virginiana var. 
silicicola 
Intolerant to very intolerant 10 
Moderate to 
slow  
Liquidambar styraciflua Intolerant 20 to 30 Fast 
 
Morus rubra Tolerant 10 
  
Pinus elliottii Intolerant 10 to 15 Rapid 
 
Quercus hemisphaerica Tolerant 15 to 20 Fast 
 
Quercus nigra Intolerant 20 
Slow early 
growth; rapid  
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on favorable 
sites 
Quercus pagoda Intermediate to intolerant 25 Fast 
 
Quercus virginiana Intermediate 50 
Rapid when 
young  
Triadica sebifera Intermediate to intolerant 3 Rapid 5 
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FIGURES 
 
Figure 1. Changes in forest cover through time at Parris Island, SC.  
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Figure 2. Map of selected remnant and disturbed (previously cleared) forest stands at 
Parris Island, SC. 
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Figure 3. Diameter distributions by density (trees/ha) of tree (> 3cm DBH)  species 
common to both forest disturbance types (disturbed vs. remnant) at Parris Island, SC.  
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Figure 4. Plant habit functional groups recorded in 1 x 1 m ground layer quadrats at 
Parris Island by stand disturbance type (asterisks depict level of significance: ** 
significance of p < 0.01; *** significance of p < 0.001).  
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Figure 5. Regression analysis of the number entries for thinning (since 1989) and 
prescribed burns (since 1990) on Triadica sebifera density by plot level.  
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Figure 6. The total number of Triadica sebifera regeneration by year, and the number of 
regeneration for that year that occurred within three years after a disturbance event 
(thinning or prescribed burn). 
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Figure 7. Structural differences between disturbed forest stands (left) and remnant forest 
stands (right) at Parris Island, SC. Disturbed forests are characterized by high stem 
density of smaller diameter trees and a herbaceous layer that is dominated by woody 
species. Remnant stands have multiple strata in the forest canopy and a sparse herbaceous 
layer.  
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ABSTRACT 
Nonnative invasive plants (NNIP) have far-reaching effects on native ecosystems 
worldwide. Understanding the role of generalist seed dispersers in spreading NNIP across 
the landscape is important to the conservation of native ecosystems and to the 
management of NNIP. We studied white-tailed deer (Odocoileus virginianus) as a seed 
disperser in mixed maritime pine (Pinus spp.) forests on Parris Island, SC, with particular 
interest in the dispersal of Chinese tallowtree [Triadica sebifera (L.) Small], a highly 
invasive tree species in the southeastern United States, which is a management concern 
on Parris Island, SC. We collected deer scat pellet groups along transects in two forest 
types: those that had recently been treated with silvicultural timber harvest (thinned) and 
those that have not been so treated (unthinned). Using two pellet-treatment methods, 
directly planting or rinsing and sorting, we determined that, out of 25 species grown 
under greenhouse conditions, 28% (n = 7) were nonnative, small-seeded, herbaceous 
species. However, T. sebifera was not identified in either of the two treatment methods. 
Recent forest thinning significantly affected the number of species determined in deer 
pellet groups (F = 8.37; df = 1; p < 0.01), with more native plant species identified in 
unthinned (25 ± 11) than in thinned (3 ± 10) forest stands (F = 5.33; df = 1; p = 0.02). 
Our results indicate that white-tailed deer are actively dispersing nonnative seeds but not 
those of T. sebifera or other woody NNIP. 
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MANAGEMENT IMPLICATIONS 
Our study investigated whether white-tailed deer (Odocoiles virginianus) were 
active dispersers of Chinese tallowtree (Triadica sebifera) and other nonnative invasive 
plants (NNIP) in mixed maritime pine (Pinus spp.) forests at Parris Island Marine Corps 
Recruit Depot (MCRD), Parris Island, SC. Dispersal by generalist herbivores can lead to 
the establishment of NNIP in new, potentially uninvaded locations resulting in changes in 
ecological trajectories that can directly affect management activities. We determined that 
white-tailed deer were not dispersing T. sebifera but were active dispersers of other 
nonnative plants. White-tailed deer are ubiquitous, generalist herbivores that are 
overabundant in many areas of the eastern United States. When overabundant, or when 
native plant resources are lacking during periods of nutritional stress, white-tailed deer 
will alter their forage choices and select alternative plant species. Forest management 
activities (i.e., timber harvesting operations, prescribed burning, etc.) may provide the 
necessary conditions for nonnative plant establishment through increased solar radiation 
and mineral soil exposure and should be considered if mitigating invasive species spread. 
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INTRODUCTION 
Nonnative invasive plants (NNIP) are currently threatening biodiversity 
worldwide by altering the structure and function of ecosystems, causing substantial 
environmental changes, and disrupting important ecological interactions (Levine et al. 
2003; Ricciardi 2007; Traveset and Richardson 2006; Vitousek et al. 1997). Because of 
accidental or intentional introduction by humans, many NNIP are able to cross previous 
geographic barriers. Once naturalized in a new region, NNIP are dispersed through 
naturally occurring vectors, such as wind, water, and animals (Davis 2009). Long-range, 
animal-mediated seed dispersal of NNIP is important to the study of invasion dynamics at 
local and regional scales because animal seed dispersers tend to be generalists (Herrera 
2002; Richardson et al. 2000) and do not require coevolutionary seed–vector processes. 
Consequently, these seed dispersers may actively transport seeds of plants that are novel 
to a community and increase the spread of NNIP. 
 Large mammalian herbivores, such as white-tailed deer (Odocoileus virginianus) 
are known to act as seed dispersers of NNIP (Augustine and McNaughton 1998; Myers et 
al. 2004). Given their high population densities throughout much of the northern, eastern, 
and southern United States (Waller and Alverson 1997), the role of white-tailed deer as a 
seed disperser of NNIP can be ecologically significant. Ungulates are known to disperse 
seeds by endozoochory (i.e., dispersal through the gut), by epizoochory (i.e., carrying 
seeds on their coats or hooves), or by spitting out seeds after masticating or ruminating 
(Gill and Beardall 2001). White-tailed deer may be one of the most important vectors for 
long-distance seed dispersal and may potentially spread NNIP into new habitats across 
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landscapes (Myers et al. 2004). White-tailed deer may be more important as seed 
dispersers in forest interiors than avian seed dispersers are based on movement patterns 
(Castellano and Gorchov 2013), being capable of increasing the seed shadow of an 
individual plant by dispersing seed beyond 1 km (0.62 mi) (Vellend et al. 2003). White-
tailed deer dispersal studies in central New York State determined that sampled pellet 
groups contained germinable seeds from 72 plant species, with an average of 38 
germinable seeds per pellet group (Myers et al. 2004). Of these, Myers et al. (2004) 
reported the following four NNIP species were of greatest concern in New York: 
honeysuckle (Lonicera spp.), multiflora rose (Rosa multiflora Thunb. ex Murr.), 
European buckthorn (Rhamnus cathartica L.), and purple loosestrife (Lythrum salicaria 
L.). White-tailed deer alter forest dynamics through seed dispersal and herbivory and 
create small-scale disturbances that improve seedbed conditions for NNIP (Vavra et al. 
2007). Therefore, understanding the interactions between animal seed dispersal and 
nonnative plants becomes important to the knowledge of NNIP population dynamics and 
management. 
Disturbance has been well-documented as a driver of biological invasions (Lozon 
and MacIsaac 1997). When disturbance increases the amount of available resources in a 
community, the community becomes vulnerable to invasion if unable to quickly use the 
newly available resources (Davis et al. 2000). Commercial forest thinning practices are 
known to increase forage production and habitat quality for white-tailed deer for 
subsequent years following thinning operations (Grelen and Enghardt 1973; Peitz et al. 
2001). However, thinning operations may also provide a window for successful plant 
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invasion through disturbance. Nonnative species have been found to increase in cover 
and richness following forest management activities including thinning and burning 
(Nelson et al. 2008), and this effect is amplified on sites where nonnative plants are 
already in relatively high abundance (McGlone et al. 2012). 
To determine whether white-tailed deer facilitate the spread of NNIP, we studied 
seed dispersal by white-tailed deer in the mixed maritime pine (Pinus spp.) forests of 
Parris Island, SC, Marine Corps Recruit Depot (MCRD). We were especially interested 
in determining whether white-tailed deer are actively dispersing the seeds of Chinese 
tallowtree [Triadica sebifera (L.) Small], a NNIP widely colonized in the forests of Parris 
Island MCRD. We hypothesized that (1) white-tailed deer disperse viable seeds of NNIP 
through endozoochory during the fall and winter months, (2) white-tailed deer were an 
important disperser of T. sebifera, and (3) seed deposition would be different between 
forest types (thinned vs. unthinned). 
 
MATERIALS AND METHODS 
Site Description  
Parris Island MCRD is located in Beaufort County, SC (32.3289°N, 80.6947°W). 
It comprises 3,257 ha (8048 ac), of which 608 ha are managed forests, 1,538 ha are 
saltwater marsh and tidal streams, and 1,111 ha are developed (e.g., housing, military 
training facilities) or cultivated (e.g., parks, golf course). Parris Island MCRD resides in 
the Southern Coastal Plain ecoregion (EPA 2013) and has relatively flat topography, with 
elevations that range from 0 to 7 m (0 to 23 ft) above sea level. Mild winters and hot 
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summers characterize the study area. Minimum average temperatures for the study period 
range from 15.4 C (59.7 F) in October to 4.1 C in January (NOAA 2010). The soils in the 
study area are generally described as fine sands to fine loamy sands. Soil series include 
Coosaw loamy fine sand (loamy or sandy marine deposits, moderately well drained), 
Murad fine sand (loamy marine deposit, somewhat poorly drained), Williman loamy fine 
sand (loamy marine deposit, poorly drained), and Seewee fine sand (sandy marine 
deposits, somewhat poorly drained) (Soil Survey Staff 2013). 
 The forestland comprises mature mixed maritime pine forests that are dominated 
by slash pine (Pinus elliottii Engelm.) and loblolly pine (Pinus taeda L.), with a minor 
component of live oak (Quercus virginiana P. Mill.), sweetgum (Liquidambar styraciflua 
L.), cherrybark oak (Quercus pagoda Raf.), blackgum (Nyssa sylvatica Marsh.), 
sugarberry (Celtis laevigata Willd.), and hickory (Carya spp.). Pinus elliottii and P. 
taeda were planted in the 1970s during afforestation efforts on abandoned agricultural 
lands. Forest shrub species, such as southern waxmyrtle [Morella cerifera (L.) Small.] 
and yaupon (Ilex vomitoria Ait.) dominate the subcanopy layer. The forest understory 
comprises Virginia-creeper [Parthenocissus quinquefolia (L.) Planch], northern dewberry 
(Rubus flagellaris Willd.), catbriar (Smilax bona-nox L.), eastern poison-ivy 
[Toxicodendron radicans (L.) Kuntze], muscadine (Vitis rotundifolia Michx.), and 
rosettegrass [Dichanthelium spp.] (L. S. Pile, unpublished data). Known invasive species 
at Parris Island MCRD include T. sebifera, chinaberry (Melia azedarach L.), Chinese 
privet (Ligustrum sinense Lour.), glossy privet (Ligustrum lucidum Ait.), saltcedar 
(Tamarix ramosissima Ledeb.), and largeleaf lantana (Lantana camara L.). Triadica 
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sebifera is the second most abundant tree species (following P. elliottii) on the island (L. 
S. Pile, unpublished data) and has been managed with herbicide applications since 2002. 
Triadica sebifera is an invasive tree species that poses a threat to native ecosystems in the 
Coastal Plain in the southeastern United States, in part, due to its broad ecological 
tolerances and high fecundity (Bruce et al. 1995; Gan et al. 2009). White-tailed deer in 
the Coastal Plain generally have access to abundant forage during all seasons, but the 
forage is low in nutritional quality (Short 1986). Triadica sebifera seed kernels have 
crude fat values >25% of dry matter. Their high lipid and protein contents (Huoran and 
Pengxin 1991; Potts and Bolley 1946; Short and Epps 1976) may make them a valuable 
food source during winter nutritional stress periods and are known to provide an 
important alternative food source for yellow-rumped warblers (Setophaga coronata) and 
American robins (Turdus migratorius) (Baldwin et al. 2008). 
White-tailed deer at Parris Island MCRD were not harvested during the 2011 
hunting season, which was before the start of this study. During the 2012 hunting season, 
84 deer were harvested between September 22, 2012, and December 15, 2012. A 
spotlight count in June 2012 estimated the population density of upland forest habitat to 
be 74 deer km−2 (192 deer mi−1), and two postharvest spotlight counts estimated a density 
of 62 deer km−2 in January 2013. A spotlight count in August 2013 determined that the 
population had increased to 102 deer km−2. An estimated sustainable population level of 
white-tailed deer for this area is approximately 6 deer km−2 (C. Ruth, personal 
communication), with Parris Island MCRD at levels 10 times greater than what is 
recommended as sustainable in this habitat type. Populations might be sustained at higher 
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levels along the coast where development has altered the habitat conditions to support 
more deer than would occur under more-natural situations (C. Ruth, personal 
communication). Natural resource staff at Parris Island MCRD is currently managing to 
reduce the deer herd size and have set prescriptions regulating hunter take. 
 
Data Collection and Analyses  
We stratified the forested sites at Parris Island MCRD based on recent disturbance 
(thinned vs. unthinned) and selected three stands, each with a known reproductively 
mature component of T. sebifera, from each disturbance type (six total stands) (Figure 1). 
An operator-select thinning was performed in 2011, with a target basal area of 17.2 m2 
ha−1 (75 ft2 ac−1) and an acceptable range between 14.9 and 19.5 m2 ha−1. The unthinned 
forest stands and stands before thinning had basal areas that ranged from 20.6 to 23 m2 
ha−1. Species targeted for thinning were P. elliottii and P. taeda. In each stand, three 
widely spaced transect lines were established, and we collected entire, relatively fresh 
(moist), white-tailed deer pellet groups along each transect. We visually inspected the 
pellets for any debris, and placed each pellet group into an individual paper bag and 
recorded stand number, transect identification, and date. We had six collection periods, 
approximately monthly, from September 2012 through March 2013. Our collection 
period corresponded with the phenology of T. sebifera fruit production and encompassed 
the period of seed set for many other species present on Parris Island MCRD. Seedfall for 
T. sebifera was recorded on the November 7, 2012, collection date. 
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 Samples were taken to Clemson University on the day of collection and 
refrigerated until they were processed, which occurred within 3 days of the collection 
date. We counted the total number of pellets in each pellet group, randomly divided them 
into halves, and used two methods to maximize germination chances and identification of 
all plants present in the pellet groups. 
 
Method 1  
One-half of each pellet group was sown in an individual pot (10 by 15 by 7 cm 
[3.9 by 5.9 by 2.8 in]) with a tray liner using Fafard 3B Mix (Sungro, Agawam, MA) and 
no fertilizer additives and was placed under intermittent mist propagation. Mist was 
provided for 8 seconds every 10 min for 3 months. After mist propagation, all pots were 
watered once daily. No alterations of the light environment (i.e., supplemental lighting or 
shade cloth) were used for the treatment, and the temperatures in the greenhouse were 
maintained between 18 and 27 C. Pellets were planted in the greenhouse within 3 d of the 
collection date and were grown until identification was possible, which often lasted until 
the plants reached reproductive maturity and flowered. On August 8, 2013, this portion of 
the experiment was terminated. Each collection remained in the greenhouse until the 
termination date resulting in the first collection growing for 11 months and the last 
collection for 5 mo. Identified species are catalogued and filed at the Clemson University 
Herbarium, Clemson, SC. 
 
Method 2 
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The other half of each pellet group was soaked in water, rinsed, and sorted to 
remove individual seeds. Pellet groups were placed in individual plastic containers with a 
lid within three days of the collection date and were soaked in tap water at room 
temperature for three days to aid in softening the pellets. Pellets were progressively 
rinsed through three mesh-metal sieves (2.0 mm, 1.0 mm, and 250 µm [0.08 in, 0.04 in, 
and 0.0098 in]; ATM Products, New Berlin, WI) and were sorted under magnification. 
Only fully intact seeds were included in the seed counts. Because of the complexity of 
seed identification, we were able to identify some species to genus, whereas other seeds 
were identified to family (e.g., Poaceae and Fabaceae). Rinsed seeds were placed in petri 
dishes with moistened heavy-weight germination paper (Anchor Paper Company, St. 
Paul, MN), sealed with parafilm, and were immediately placed in a dark seed-incubation 
chamber regulated to maintain a constant temperature of 25 C. The petri dishes were 
monitored daily until radicle emergence or May 10, 2013, which was the termination date 
of the incubation period of this study. The incubation period for each collection date was 
approximately two months. If the seed still appeared viable, it would be incubated for 
longer periods, up to the termination of the study. However, seeds detected in the last 
collection period were only incubated for two months. Seeds were also collected from 
forest stands at Parris Island for comparison and were cross-referenced to seeds stored in 
the Clemson University Herbarium to confirm identification. 
For each collection period, we determined mean values for the number of seeds, 
the number of species, and the number of individuals in each pellet group present in the 
thinned and unthinned forest types. Status of each species was classified as native or 
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nonnative (Bryson and DeFelice 2009; USDA NRCS 2013; Weakley 2012). To meet 
assumptions of normality, data from plants germinated under greenhouse conditions were 
square-root transformed, but means and standard errors are reported with the original data 
to enhance interpretability, with the exception of Figure 2. We used ANOVA and 
Tukey’s Honestly Significant Difference test to determine differences between collection 
dates within treatment, forest disturbance types (thinned and unthinned), and species 
status (native or nonnative) by number of individuals. We also used a paired t test to 
determine differences in the mean number of individuals between the dates of both 
treatments. Data were analyzed using JMP Pro 10 statistical software (SAS Institute Inc. 
2012, SAS Institute, Cary, NC). We determined statistical significance when the 
probability of making a type-I error was < 0.05, and data are reported as means and 
standard errors of the mean. 
 
RESULTS AND DISCUSSION 
A total of 108 pellet groups was collected throughout the six periods. During the 
six periods, the average number of individuals plants per pellet group (18 ± 66; p = 0.37) 
that germinated in the greenhouse (method 1) and average number of individual seeds per 
pellet group (method 2) (7 ± 47; p = 0.51) were not statistically different between the two 
randomly divided one-half pellet groups within each treatment type (Table 1). The 
average number of individuals in the greenhouse and the average number of seeds per 
pellet group were not statistically different between the two treatment methods (p = 0.15). 
However, our ability to detect and identify species varied between the two methods, 
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which may have contributed to the large variation in the number of recorded individuals. 
Because of the nature of finding seeds in fecal matter, larger-seeded species were likely 
to be detected in the rinsing and sorting, visual-survey method, whereas the smaller-
seeded species were being more likely to be detected after germination in the greenhouse 
portion of the study. 
 
Plant Species Detection 
Method 1.  
A total of 1,957 individual plants from 25 species germinated in the one-half 
pellet groups that were sown in the greenhouse. Of the 25 species that germinated under 
greenhouse conditions, 7 were known to be nonnative, 4 additional species had origins 
that were cryptogenic but were considered nonnative, and 16 were known to occur in 
cultivated or disturbed habitats (Tables 2 and 3). Of these species, white-tailed deer will 
selectively graze 11 of the species, 2 have high forage quality, 9 have low forage quality, 
and white-tailed deer are not known to select the others (Table 2) (Miller and Miller 
2005). Although forage values are only known for a few species, common lespedeza 
[Kummerowia striata (Thunb.) Schindl.] and common pokeweed (Phytolacca americana 
L.) are high-quality forage, and the others are thought to have moderate to low forage 
value. Because of its high forage preference and ability to supplement the diet of white-
tailed deer, K. striata, a warm-season annual that reproduces by seeds, has a history of 
being planted for improving wildlife habitat by providing important summer and fall 
forage for white-tailed deer (Gucker 2010; Thill 1984). Of the three most abundant 
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species grown under greenhouse conditions, only rustweed (Polypremum procumbens L.) 
has a documented forage preference, but it is a low-preference species (Miller and Miller 
2005). Although such seeds may not be particularly attractive to herbivores, palatable 
leaves close to the seed head may have aided in the inadvertent consumption of small-
seeded species (Gill and Beardall 2001). Of the plants that germinated under greenhouse 
conditions, 90% were from three, small-seeded, herbaceous plants: old world diamond-
flower (Oldenlandia corymbosa L., 42%), low falsepimpernel [Lindernia dubia (L.) 
Pennell var. anagallidea (Michx.) Cooperr., 40%], and P. procumbens (8%) (Table 3). 
Of the species that germinated, 28% (n = 7) were nonnative plants that 
predominately occur in cultivated or disturbed habitats (Table 2). Oldenlandia corymbosa 
had the highest overall frequency by number of germinants for pellet collections from 
September 2012 through January 2013, and the second highest probability of occurrence 
in a pellet group (10.4%). Six other NNIP germinated at low frequencies under 
greenhouse conditions, including doveweed [Murdannia nudiflora (L.) Brenan, 0.2%], K. 
striata (0.15%), little burclover [Medicago minima (L.) Bartal., 0.1%), small hop clover 
(Trifolium dubium Sibth., 0.05%), large crabgrass [Digitaria sanguinalis (L.) Scop., 
0.41%], and Paraguayan purslane (Portulaca amilis Speg., 1.1%) (Table 3). 
 During the collection periods, the total germinants of nonnative species were not 
significantly different than that for native species (Figure 2). The November 27 collection 
date was near significance with an α = 0.05 (p = 0.059), which was largely attributed to 
the dominance of O. corymbosa in the samples for that period. Oldenlandia corymbosa is 
documented as being native to South America (Weakley 2012), but little scientific 
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information exists on its potential for becoming a species of concern in the southeastern 
United States. Oldenlandia corymbosa is known to occur in the Galapagos Islands, 
American Samoa, and Hawaii as a naturalized nonnative, but is not considered an 
ecological threat (Space and Flynn 2002; Tye 2001). Portulaca amilis is native to South 
America and was first documented in North Carolina in 1932 (Matthews and Levins 
1985). Williams and Ward (2006) concluded that the nonnative congeneric of P. amilis, 
common purslane (Portulaca oleracea L.) was the second most common exotic in a deer 
seed dispersal study in Connecticut. Murdannia nudiflora, native to the Old World 
tropics, has been classified as one of the world’s worst weeds (Holm et al. 1977), 
especially in rice cultivation (Moody 1989), but it can also be a moderately invasive 
species in nonagricultural areas of south and Southeast Asia (Waterhouse 1993). 
Kummerowia striata was likely originally introduced as a seed contaminant but has also 
been widely planted for mine reclamation, forage production, wildlife habitat 
improvement, soil conservation, and roadside maintenance (Gucker 2010). Kummerowia 
striata seeds are also known to be dispersed in forest interiors through the dung of 
domestic ungulates, including cows and horses (Gucker 2010). These species are 
currently not at levels high enough to cause substantial ecological and economic harm but 
have the potential to be “sleeper weeds,” with population levels that remain low initially 
but increase over time to reach levels that would significantly affect native communities 
or interfere with management activities (Groves 1999). Nonnative plants must rely on 
dispersal mechanisms for colonization into new communities, and generalist herbivores 
can thereby increase the seed shadow and propagule pressure of a potentially invasive 
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species (Lockwood et al. 2005). Four species in this study were not recognized as being 
nonnative in the U.S. Department of Agriculture Natural Resources Conservation Service 
PLANTS Database (2013) but are recognized as nonnative or weedy elsewhere (Bryson 
and DeFelice 2009; Weakley 2012). Green kyllinga (Kyllinga brevifolia Rottb.) made up 
1.5% of the greenhouse plants and is native to Asia (Bryson and DeFelice 2009). Annual 
sedge (Cyperus compressus L., 0.15%) is considered weedy (Bryson and DeFelice 2009). 
Slender amaranth (Amaranthus viridus L., 0.1%), native to South America, grows in 
disturbed habitats (Weakley 2012). The original range of smallflower morningglory 
[Jacquemontia tamnifolia (L.) Griseb., 0.05%] is difficult to determine but it occurs in 
the West Indies, Central America, and South America and is thought to be adventive in 
the southeast United States (Weakley 2012). 
 
Method 2.  
In the rinsed and sorted half of the pellet groups, seeds that could be positively 
identified to species were P. americana (68.64%), I. vomitoria (11.31%), and spreading 
pricklypear (Opuntia humifusa Raf., 0.13%). Both P. americana and I. vomitoria 
germinated under incubation (Table 4). Because of challenges with identification, many 
seeds were only identified to family based on their morphology (e.g., Poaceae [6.73%] 
and Fabaceae [1.21%]). Of the 743 seeds that were screened from the one-half pellet 
groups, 12.1% (n = 90) were unable to be identified to species, genera, or family. Several 
of these unidentified seeds germinated under incubation but did not survive transplanting 
and could not be identified. 
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 In our study, I. vomitoria was the only woody species identified in the deer pellet 
groups (Table 4). Ilex vomitoria is a commonly occurring, native, evergreen shrub that 
provides important browse for white-tailed deer (Miller and Miller 2005). A previous 
study determined that only 7% of the species that germinated from deer pellet groups in 
central New York State were woody plants (Myers et al. 2004). Ilex vomitoria was not 
identified in the greenhouse germination test, which may be attributed to the species’ 
double-dormancy germination characteristics (Bonner and Karrfalt 2008; Young and 
Young 1992), Interestingly, 10% (n = 8) of the seeds germinated in petri dishes when 
moist-incubated at a temperature of 25 C. Seed passage through the gut may have 
resulted in increased germination of this species. White-tailed deer in eastern Texas are 
known to consume seeds of I. vomitoria year-round, and I. vomitoria was the second 
most common fruit to be detected in collected pellet groups in east Texas (Lay 1965). 
The fruits of I. vomitoria mature from October to November, persist on the stems 
throughout the winter, and provide an important food source during the nutritional stress 
periods of late winter and early spring (Miller and Miller 2005). Ilex vomitoria seeds 
were identified on all collection dates, with the greatest abundance occurring on the 
January 4 collection date (n = 39). All recorded species (i.e., greenhouse germinates and 
sorted seeds) declined after the January 2013 collection date (Figure 2), which could be 
attributed to plant phenology because most seed production had already occurred, as well 
as a variety of other factors making them inaccessible for white-tailed deer consumption 
(e.g., consumed by other species, covered by leaf litter). 
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Woody NNIP  
Although present on Parris Island, woody NNIP, such as T. sebifera, M. 
azedarach, and L. sinense, were not detected in this study. The absence of woody NNIPs 
could be attributed to forage choice, reduced palatability (e.g., secondary compounds), or 
seed dispersal by regurgitation of larger seeds. Large seeds (up to 20 mm) are known to 
be dispersed by regurgitation and not defecation by white-tailed deer (Janzen 1985). 
White-tailed deer are generalist herbivores, and their forage choice may be altered by 
density dependent factors. A mild winter, such as the one that occurred during 2012 to 
2013, may also alter forage availability and reduce the need to select less-favorable 
species if more-preferred species are still abundant. For example, L. sinense has been 
documented as a forage species for white-tailed deer during winter-stress periods 
(Stromayer et al. 1998). Melia azedarach was identified in the rumen of white-tailed deer 
at the Savannah River Plant in southeastern South Carolina (Harlow et al. 1979). Triadica 
sebifera is able to reach heights of 18 m, resulting in potential fruit foraging of fallen 
seed from the forest floor and not by the accidental seed consumption from foliar feeding. 
Although the foliage of some species may deter foraging by white-tailed deer, active 
feeding of fruits from the ground, such as fallen acorns, might be a possible dispersal 
mechanism of NNIP. Some NNIPs are also known to produce secondary chemicals (e.g., 
phenolics and tannins) or structural compounds (e.g., lignins and cellulose) that reduce 
palatability and deter herbivory (Vavra et al. 2007). The species identified in our study do 
not fully represent all possible plant species dispersed by white-tailed deer in maritime 
forests during the dormant season. Small seed size may have hampered identification 
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within the rinsed fecal matter and sorted half of the pellet groupings. In addition, seeds in 
the greenhouse treatment may have remained dormant where requirements for 
germination were not met by the treatment. Seeds may have also had reduced or no 
germination because of allelopathic chemicals of competitor seeds within the same fecal 
pellet (Cipollini and Levey 1997; Traveset et al. 2007). 
 
Forest Disturbance 
Although it does not directly imply that white-tailed deer were specifically 
browsing only in the stands they defecated in, there were differences between stand 
types. The mean number of individuals grown in greenhouse conditions was higher for 
unthinned (18 ± 5) than for the recently thinned (3 ± 5) forest stands (p < 0.01). Also, 
species richness was higher in the pellet groupings collected in the unthinned forest 
stands (n = 21) vs. the thinned forest stands (n = 16) grown in the greenhouse (Figure 3). 
The mean number of seedlings of nonnative species did not differ between unthinned (19 
± 6) and recently thinned forest stands (5 ± 9; p = 0.19). The mean number of native 
seedlings was different (p = 0.02) in unthinned (25 ± 11) and recently thinned (3 ± 10) 
forest stands. 
 Of the dominant species, O. corymbosa was second to L. dubia var. anagallidea 
in the unthinned forest stands, and the most dominant species in the thinned stands. Both 
of these species prefer moist habitats, in which the seasonal effects of winter may be 
reduced (e.g., reducing the effects of thermal soil fluctuations or winter drought stress), 
which may make them more abundant for forage during the winter months. The 
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prevalence of species that are associated with disturbed habitats may indicate that the 
deer on Parris Island MCRD are foraging more in disturbed habitats and defecating the 
seeds in the forest interior. The native southern maritime forests are described as having a 
sparse herbaceous layer that is low in species diversity (Bellis 1995), which is 
representative of the mixed maritime pine forests at Parris Island MCRD. Parris Island 
MCRD is a highly fragmented matrix, comprising highly dissected forest stands, salt 
water marshes, urban areas, and human-modified natural areas for military training and 
parks. As generalist herbivores, cervids are able to exhibit a plastic feeding strategy in 
response to fragmented landscapes to supplement dietary intake (Abbas et al. 2011). The 
disturbed and cultivated areas of Parris Island MCRD may offer white-tailed deer more 
forage availability, especially during winter months, than the mixed maritime pine forest 
interior. Similar to the highly agriculturally fragmented forests of the Boso peninsula in 
Japan, in which the reproductive rate of sika deer (Cervus nippon) increased in relation to 
length of forest edge (Miyashita et al. 2008), the fragmented matrix at Parris Island 
MCRD may allow white-tailed deer to forage in cultivated areas (i.e., grassy park areas, 
roadsides, troop training areas) during the winter months as a plastic response to reduced 
forage availability, which has been observed in low acorn mast years (Abbas et al. 2011). 
 Recently thinned forest stands can also provide greater herbaceous and browse 
forage production than unthinned forest stands (Blair and Enghardt 1976). White-tailed 
deer at Parris Island MCRD are able to freely move between forest stands and through 
the surrounding marsh. The home range of a white-tailed deer can vary from 43 to 3,037 
ha (Innes 2013), resulting in an individual deer being able to occupy a wide range of the 
121 
 
available habitat at Parris Island MCRD. The mean gut retention time for white-tailed 
deer is 23 h (Mautz and Petrides 1971), allowing a deer to deposit seeds in a different site 
than where it was originally consumed. Although we did find significant differences 
among habitat type, large variation in the number of species recorded, low sample size, 
and the relatively small geographic size of Parris Island MCRD limits the ability to make 
general conclusions regarding seed deposition based on forest type. However, we do 
think that it warrants further investigation. 
 The establishment of NNIP species in the forest interior can affect forest 
management activities and alter important ecological processes including fire, tree 
regeneration, and nutrient cycling. Although not all nonnative seeds dispersed by white-
tailed deer will germinate because of unfavorable conditions in the forest interior, some 
seeds may persist in the soil seed bank until conditions become more favorable, such as 
after logging operations. Disturbance from forest management activities can provide 
favorable conditions for the establishment of early successional nonnative species, 
through increased light levels to the forest floor, exposed mineral soil, and soil 
disturbance (Battles et al. 2001). Battles et al. (2001) concluded that plantations and 
shelterwood harvests supported more nonnative species than group, reserve, or single-tree 
selection silvicultural treatments. The establishment of nonnative invasive species into 
the forest interior can alter fuel properties and fire behavior resulting in changes to the 
characteristics of the historical fire regime (Brooks et al. 2004). White-tailed deer are 
known to modify fire regimes by altering the type and amount of vegetation available for 
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burning (Hobbs 1996); however, little is known about their dispersal of nonnative species 
into the forest interior and subsequent changes to fuel characteristics. 
 The abundance of nonnative species in the pellet samples in this study may 
indicate that white-tailed deer use these species to supplement their diet when native 
forage quality or abundance is low. Interactions among native herbivores and nonnative 
plants result in a wide range of community trajectories, potentially including both 
“degradation and meltdown” and “rescue and recovery” effects (Buckley et al. 2006). 
Degradation occurs when native dispersers assist in the spread of nonnative species 
(Cordeiro et al. 2004) or when the commonly foraged native species that constitute the 
herbivore’s diet becomes displaced by nonnative plants, thus limiting the dispersal of 
native species (Vilà and D'Antonio 1998). As the trajectory progresses, meltdown can 
occur when multiple species interactions develop (Bourgeois et al. 2005), which can lead 
to higher-order dysfunctions in the community that consequently affect species outside 
the disperser mutualism (Fulton and Ford 2001). On the other hand, rescue effects can 
result from nonnative plants supplementing the diet of native herbivores (Westcott et al. 
2008). Recovery occurs when multiple species complexes occur that facilitates native 
plant cover or loss of native species diversity (Crome et al. 1994; Neilan et al. 2006). 
However, the effects of white-tailed deer seed dispersal at the community level are not 
clear. 
 The most common species dispersed by white-tailed deer in this study were small-
seeded plants, seeds of cultivated/disturbed habitats, and species of low forage quality. 
White-tailed deer are actively foraging and dispersing nonnative herbaceous plants in the 
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mixed maritime pine forests at Parris Island MCRD. White-tailed deer do not disperse 
woody NNIP, including the locally abundant T. sebifera, at Parris Island MCRD. White-
tailed deer will disperse a wide variety of native and nonnative plant species at Parris 
Island MCRD with a difference in deposition between thinned and unthinned forest 
types. Future studies are needed to specifically address why seed deposition by white-
tailed deer differs between forest-disturbance types. Understanding the role of native 
generalist herbivores as potential NNIP seed dispersers is important to understanding 
invasion ecology and community dynamics. 
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TABLES 
Table 1. Total number of pellet groups (samples), average number of pellets per group, average number of germinated plants 
grown in greenhouse conditions in one-half of a pellet group (method 1), and average number of seeds identified in one-half of 
a pellet group (method 2).  
Collection date Total pellet groups 
Average number of 
pellets 
Average number of 
seeds 
Average number of 
plants 
September 26, 2012 18 65 ± 9 28 ± 11 21 ± 15 
November 7, 2012 18 67 ± 9 2 ± 11 10 ± 15 
November 27, 2012 16 76 ± 10 4 ± 12 29 ± 16 
January 4, 2013 23 78 ± 8 3 ± 10 40 ± 14 
February 1, 2013 18 69 ± 9 1 ± 11 1 ± 15 
March 20, 2013 15 72 ± 10 3 ± 12 1 ± 17 
Totals 108 71 ± 37 7 ± 47 18 ± 66 
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Table 2. Species grown under greenhouse conditions (method 1) and their naturally occurring habitat and known forage 
selection or quality by white-tailed deer.  
Species Habitat (Weakley 2012) 
Forage 
selection/quality 
(Miller and Miller 
2005) 
Amaranthus viridis L. Cultivated areas, open pastures, roadsides, fields, and waste 
sites 
Unknown 
Ambrosia artemisiifolia L. Open disturbed areas and waste sites Moderate to poor 
browse 
Polypremum procumbens L. Old fields, thin woodlands, roadsides, and waste sites Low preference 
forage 
Hypericum hypericoides (L.) Crantz Dry woods Poor browse 
Murdannia nudiflora (L.) Brenan Moist sands, ditches, wet disturbed areas Unknown 
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Jacquemontia tamnifolia (L.) Griseb. Cultivated areas, open pastures, roadsides, fields, and waste 
sites 
Unknown 
Cyperus compressus L. Cultivated areas, open pastures, roadsides, fields, waste sites, 
turf, and open woods 
Poor-quality forage 
Cyperus haspan L. Marshes, low fields, and ditches Poor-quality forage 
Cyperus polystachyos Rottb. Low fields, ditches, and marshes Poor-quality forage 
Cyperus retrorsus Chapm. Dry woodlands, forests, and rock outcrops Poor-quality forage 
Kyllinga brevifolia Rottb. Lawns, turf, fields, roadsides, disturbed areas, cemeteries, 
ditches, and waste sites 
Unknown 
Chamaesyce humistrata (Engelm. ex 
A. Gray) Small 
Streams and pond edges, low fields, lawns, cultivated areas, 
and waste sites 
Unknown 
Kummerowia striata (Thunb.) Schindl. Fields, roadsides, and disturbed areas Moderate to high 
preference 
Medicago minima (L.) L. Fields, roadsides, and disturbed areas Unknown 
Trifolium dubium Sibth.  Roadsides, lawns, and disturbed areas Unknown 
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Ludwigia palustris L. Elliott Moist to wet disturbed areas Unknown 
Phytolacca americana L. Cultivated areas, fields, pastures, roadsides, open woodlands, 
and waste sites 
Fruit and foliage 
readily browsed 
Dichanthelium ovale (Elliott) Gould & 
C.A. Clark 
Dry to damp sandy woods and fields Poor-quality forage 
Digitaria sanguinalis (L.) Scop. Cultivated areas, fields, pastures, roadsides, open woodlands, 
and waste sites 
Low preference 
forage 
Portulaca amilis Speg. Sandy fields, lawns, and other dry, sandy, and disturbed 
areas 
Unknown 
Oldenlandia corymbosa L. Moist areas Unknown 
Oldenlandia uniflora L. Moist to wet ecotones of the coastal plain Unknown 
Lindernia dubia (L.) Pennell  var. 
anagallidea (Michx.) Cooperr. 
Wet ground, shallow water, and low meadows Unknown 
Phyla nodiflora (L.) Greene Sandy fields, lawns, ditches, and disturbed areas Unknown 
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Table 3.  Species identified by known flowering period, total number of germinates, the probability (%) of occurrence in a pellet group by species, and the total number of germinates by 
collection date, for the one-half pellet groups grown under greenhouse conditions (method 1).  
Family Species Floweringa 
Total Probability 
2012 2013 
Sep 26 Nov 7 Nov 27 Jan 4 Feb 1 Mar 20 
No. 
Amaranthaceae Amaranthus viridisb  2 1.09   1 1   
Asteraceae Ambrosia artemisiifolia Aug–Nov 1 0.55    1   
Buddlejaceae Polypremum procumbens Aug–Oct 154 11.48 22 17 28 84 3  
Clusiaceae Hypericum hypericoides May–Aug 7 0.55  7     
Commelinaceae Murdannia nudiflorac May–Oct 4 1.64 2 1   1  
Convolvulaceae Jacquemontia tamnifoliab Aug–Sep 1 0.55   1    
Cyperaceae Cyperus compressusb Jul–Sep 3 1.1 1   2   
Cyperaceae Cyperus haspan Jul–Sep 3 1.64 1 1 1    
Cyperaceae Cyperus polystachyos Jul–Oct 17 5.46  1  12 2 2 
Cyperaceae Cyperus retrorsus Jul–Oct 18 4.92  3 1 10 1 3 
Cyperaceae Kyllinga brevifoliab Jun–Sep 30 7.65 18 4 1  5 2 
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Euphorbiaceae Chamaesyce humistrata  1 5.46    1   
Fabaceae Kummerowia striatac Jul- Nov 3 1.64  2  1   
Fabaceae Medicago minimac Apr–Aug 2 1.09 1   1   
Fabaceae Trifolium dubiumc Apr–Oct 1 0.55 1      
Juncaceae Juncus sp.  1 0.55    1   
Onagraceae Ludwigia palustris May–Nov 2 1.09    1  1 
Phytolaccaceae Phytolacca americana May–Nov 4 0.55   4    
Poaceae Dichanthelium ovale May–Oct 6 2.73  3 1 2   
Poaceae Digitaria sanguinalisc Jul–Oct 8 3.28  3  1  4 
Portulacaceae Portulaca amilisc May–Sep 21 4.92 12  7 2   
Rubiaceae Oldenlandia corymbosab Jul–Oct 815 10.38 266 111 402 36   
Rubiaceae Oldenlandia uniflora Aug–Oct 46 5.46  31 6 5 1 3 
Scrophulariaceae Lindernia dubia var. anagallidea Jun–Sep 782 3.28 31   751   
Verbenaceae Phyla nodiflora May–Nov 25 7.65 16 4 3  1 1 
Totals     1,957   371 188 456 912 14 16 
aWeakley 2012. 
bDenotes cryptogenic origins or considered nonnative in other sources (Bryson and DeFelice 2009; Weakley 2012). 
cIndicates nonnative status (USDA NRCS 2013). 
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Table 4. Total number of seeds, probability of occurrence in a pellet group, and means 
and standard errors for seeds identified to family or species in one-half of the rinsed and 
sorted pellet groups (method 2) 
Family or species 
Total seeds Probability Mean ± SE 
No. % No. of seeds 
Fabaceae 8 1.27 8 ± 46 
Ilex vomitoriaa 84 44.3 2 ± 8 
Opuntia humifusa 1 1.2 1 ± 46 
Phytolacca americanaa 510 3.8 170 ± 27 
Poaceae 50 22.79 3 ± 11 
Unidentified 90 26.58 4 ± 10 
aDemonstrated the ability to germinate under incubation. 
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Figure 1. Map of study area showing areas thinned to a target basal area of 17.2 m2 ha−1 
in 2011 and selected forest stands (thick dark-lined polygons) for the study and survey 
transects (thick dark straight lines) where deer pellet groupings were collected from 
September 2012 to May 2013. 
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Figure 2. Means and standard errors for the density by collection date for the plants that 
germinated under greenhouse conditions (method 1) of one-half pellet groups by species 
status. 
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Figure 3. Means and standard errors by species that germinated under greenhouse 
conditions (method 1) by forest disturbance type.
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CHAPTER FIVE 
 
DEVELOPING AND TESTING ECOLOGICALLY-BASED INTEGRATED 
MANAGEMENT OPTIONS FOR THE CONTROL OF CHINESE TALLOW 
 
 
ABSTRACT 
Biological invasions by woody species in forested ecosystems can have 
significant impacts on forest management and biological conservation. Options for 
controlling invading plant species developed from weed management practices in 
agricultural settings often have limited application in complex natural systems. We 
designed and tested several management options, with the assumption that the most 
integrated option, would result in the most effective control of Chinese tallow (Triadica 
sebifera (L.) Small), a highly invasive tree species of the southeastern coastal plain of 
USA. Specifically, we tested four integrated treatment series including mastication, 
herbicide and fire (MHF); mastication and herbicide (MH); herbicide and fire (HF); and 
herbicide (H) to determine their efficacy on reducing the density and regeneration of 
Chinese tallow. We found that the mastication treatments (MHF and MH) were 
significant in reducing Chinese tallow density within the first year (F = 62.83; p < 0.01) 
but not after three years (F = 3.85; p = 0.06). The addition of prescribed fire was 
significantly reduced Chinese tallow density when combined with other treatments (MHF 
and HF; F = 4.8; p = 0.04). The percent cover of Chinese tallow regeneration in the 
ground layer was highest on those sites with the mastication treatment (MHF and MH) (F 
= 12.81; p < 0.01), which was not affected by the addition of prescribed fire (F = 1.16; p 
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= 0.29). Overall, we found that the ecologically-based, fully integrated treatment (MHF) 
was the most effective at reducing Chinese tallow density (F = 7.73; p < 0.01), without 
having a significant increase in the ground layer regeneration (F = 0.61; p = 0.44), when 
compared to all other treatment types. We believe that restoring the historical fire regime 
(i.e., frequent surface fire) after initial control will prevent future invasion of Chinese 
tallow density and promote native species diversity and ecosystem function.   
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INTRODUCTION 
Biological invasions are a pervasive part of global environmental change, 
resulting in a significant challenge to biological conservation and natural resource 
management especially as novel ecosystems become more common and difficult to return 
to natural states (Hobbs and Humphries 1995, Hobbs et al. 2006). Exotic invasive plant 
species that are able to establish in intact forested ecosystems represent a significant 
threat to ecological communities and forest management activities as they do not require 
the highly disturbed, human modified habitats that are common to most invaders 
(Richardson 2011). The establishment of woody invasive species poses a variety of 
challenges to forest managers including inhibiting or outcompeting desired species, 
simplifying natural plant communities, and altering ecological processes, which can 
ultimately compromise ecological services (Webster et al. 2006). When invasive trees 
reach high densities, they can substantially increase the biomass or change the type and 
arrangement of aboveground materials potentially altering many facets of ecosystem 
function (Richardson 2011). The resulting economic impact of forest invaders on timber 
resources and non-market goods and services can be substantial (Holmes et al. 2009). 
There is a critical need, as identified by land managers and conservationists, for a 
practical and affective framework that links ecological theory to invasive species 
management (James et al. 2010). When invasive species have achieved large population 
levels and geographical ranges, these species are beyond the point of eradication, 
however, affective control can reduce the negative impacts that they impose. Often the 
tools and strategies managers need have been slow to develop due to the complexity of 
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biological invasions and the inherent difficulty in prescribing restoration objectives. 
Historically, the development of management strategies has focused directly on removing 
or suppressing the invader with the assumption that the negative impacts would decline in 
its absence or decline (Hobbs and Humphries 1995). Such weed management approaches 
were primarily developed in agricultural systems where control of the invader resulted in 
a direct increase in productivity of the desired crop plant (Smith et al. 2006). However, 
due to the complexity of natural systems, controlling the target weed species often fails to 
result in ecosystem recovery (Story et al. 2006, Pearson and Ortega 2009).  
The management of weeds in natural areas is still in its infancy (Pearson and 
Ortega 2009) and the control of well-established invasive species will require a 
comprehensive planning program and direct input from ecological science (Courchamp et 
al. 2003). Some advancements have been made toward ecologically-based invasive plant 
management strategies that move management away from methods that are specifically 
focused on controlling highly abundant invaders to strategies that are focused on 
repairing damaged ecological processes (Sheley et al. 2006, Krueger-Mangold et al. 
2009, James et al. 2010). Although we have greatly improved our knowledge of natural 
systems, we still lack the ability to integrate this knowledge into applied management 
approaches (D'Antonio et al. 2004, Smith et al. 2006). The development of ecologically-
based invasive species management strategies will require an understanding of the 
ecology and biology of the invading species, of the characteristics of the community that 
led to invasion, and most important, of the factors that contribute to resilience and 
invasion resistance of the community. 
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Chinese tallow (Triadica sebifera (L.) Small) is a highly invasive tree species in 
the southeastern coastal plain of USA (Bruce et al. 1997, Oswalt 2010). Its high 
reproductive capacity by seed and vigorous sprouting, rapid growth, tolerance to stressful 
conditions (Jones and Sharitz 1990, Conner and Askew 1993, Conner 1994), ability to 
suppress fire (Grace et al. 2005), and capacity to establish under intact forest canopies 
(Jones and McLeod 1989) make Chinese tallow a severe threat to forest management and 
ecosystem integrity. Attempts to manage and control Chinese tallow are often only 
temporarily effective due to its tenacious ability to regenerate from a persistent seed bank 
and by sprouting (Donahue et al. 2006). Most research on managing Chinese tallow has 
been conducted in coastal prairie ecosystems (Bruce et al. 1997, Grace 1998, Donahue et 
al. 2006), or has focused on the effectiveness of herbicide and methods of herbicide 
application (Conway et al. 1999, Gresham 2010, Enloe et al. 2015).  
The development of ecologically-based integrated management of invasive 
species requires 1) an understanding of the processes that reduce and suppress 
establishment and vigor of invading species; 2) knowledge of the processes that lead to 
ecological degradation and reduced resistance within the community; and 3) the 
identification of tools and strategies that can alter ecological processes and mechanisms 
that promote desired species and community outcomes (Hobbs and Norton 1996, Hobbs 
and Harris 2001, James et al. 2010). Due to the complexity and diversity of most 
wildland communities, approaches that use a combination of methods and tools, so called 
integrated approaches, are most often the most effective (Holt 2009). In our study, we 
developed an integrated management regime based on the biology and ecology of 
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Chinese tallow and of the community, and tested this option against other treatment 
types. Specifically, we integrated treatments both to reduce Chinese tallow abundance 
and recovery, and to establish a frequent fire return interval that is characteristic of 
southern U.S. pine forest ecosystems, which may provide a long-term management 
strategy for the control of Chinese tallow.  
Previous research suggests that both the type and timing of individual 
management treatments will influence the efficacy of Chinese tallow control. Based on 
total non-structural carbohydrate (TNC) trends, Conway et al. (1999) recommended that 
mastication and herbicide treatments be applied when the phenological development in 
Chinese tallow would make them the most susceptible to mortality. Mastication 
treatments should occur in the spring when TNC levels are lowest in roots, and herbicide 
applications in the fall and winter when root sink TNC periods occur (Conway et al. 
1999). Spring application of the mastication treatment occurs when Chinese tallow is in 
active growth causing the physiological damage to result in less energy available to 
support new growth and reproduction (James et al. 2010). In addition, a thick layer of 
mulch produced by mastication treatments may reduce the germination capacity of 
Chinese tallow seeds (Donahue et al. 2004). Mastication treatments were also suggested 
to increase the horizontal continuity of  the fuel bed, especially where Chinese tallow is 
abundant (Grace et al. 2005), and mastication is commonly used to reduce understory 
shrub density for ladder fuel reduction and to increase air flow to aid in the application of 
prescribed fire in long unburned stands (Kreye et al. 2014).  
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In this study, we evaluate the efficacy of selected methods to control Chinese 
tallow in established coastal forests. We developed a management regime that integrates 
multiple treatments, and tested its effect against reduced treatments. The primary 
objectives of the study were to: 1) determine the effect of mastication on Chinese tallow 
and on the behavior of prescribed fire; 2) determine the effect of growing season 
prescribed fire on reducing Chinese tallow in combination with other treatments; and 3) 
determine if an integrated treatment regime based on the best available biological and 
ecological science will be the most effective in reducing Chinese tallow density and 
regeneration. We hypothesize that: 1) mastication will reduce Chinese tallow density and 
facilitate the spread of prescribed fire; 2) prescribed fire will help to reduce Chinese 
tallow density by targeting any remaining stems that were not killed in previous 
treatments; and 3) the mastication, herbicide and fire (MHF) treatment will be the most 
effective at reducing Chinese tallow density and restoring ecosystem function.  
 
METHODS 
Site and Study Description 
The study is located on Parris Island Marine Corps Recruit Depot (MCRD) in 
Beaufort County, South Carolina. Parris Island MCRD consists of 3,257 hectares, with 
vegetation dominated by mixed maritime forest, pine forest (natural and plantation), and 
saltwater marsh. Chinese tallow has been managed on Parris Island MCRD since 2001 
through the use of herbicides, primarily with ‘hack and squirt’ methodology. In 2010, a 
survey was conducted for invasive species presence and abundance on Parris Island 
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MCRD in order to monitor the Chinese tallow population and to assess the effectiveness 
of previous control efforts. Results from this survey suggested that there is the need for a 
more effective management approach because the Chinese tallow population in some 
areas had increased despite repeated herbicide applications (Pile 2010). This study was 
designed to develop an ecological approach for managing Chinese tallow while creating a 
forest stand structure and composition characteristic of open southern pine communities 
to increase native plant species diversity, increase wildlife habitat, and provide favorable 
conditions for military training. Specifically, we tested four treatments series including 
mastication, herbicide and fire (MHF), mastication and herbicide (MH), herbicide and 
fire (HF), and herbicide (H) only to determine their efficacy on Chinese tallow control.  
 
Study Design 
This study was conducted as an unbalanced (due to one block not receiving all 
four treatment types), randomized block design, blocked by forest stand with eight 
replicates and four treatment types, resulting in 32 total experimental units (Figure 1). We 
designed the treatments based on the documented physiology of Chinese tallow and the 
current condition of the community, that is, with a high shrub density, and following long 
periods (> 10 years) of fire suppression. 
 
Mastication, Herbicide and Fire (MHF) 
Mastication was carried out by a Caterpillar model HM315 with carbide teeth in 
May of 2013 to reduce Chinese tallow as well as to reduce understory shrub density, 
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leaving large, well-formed native tree species as seed sources. Due to the limits of the 
roller chopper, any Chinese tallow stems larger than approximately 15 cm DBH were 
felled with a chainsaw. The mastication treatment was followed by a late summer (2013) 
application of 2.5% v/v Garlon 4 Ultra © herbicide targeting any regrowth (i.e., basal 
sprouts, stump sprouts, root sprouts) or seedlings. Prescribed fires were applied in May of 
2015. Fires were applied as backing fires burning into strip head fires approximately 10 
meters apart.  
 
Mastication and Herbicide (MH) 
The mastication and herbicide (MH) treatment was similar to the MHF treatment 
but did not include a fire treatment in 2015. 
 
Herbicide and Fire (HF) 
The herbicide and fire (HF) treatment was applied to determine if similar results 
to the MHF treatment could be obtained without mastication. In the winter of 2013, a 
basal bark herbicide application of 25% Garlon 4 Ultra © and basal oil was applied to the 
lower portion of the stem to all individuals less than 15 cm DBH. On stems greater than 
15 cm, the same application rate was used but applied with injection methods (“hack and 
squirt”). Prescribed fires were applied in May of 2015, similar to the MHF treatment.  
 
Herbicide (H) 
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The herbicide only (H) treatment served as our control with application methods 
similar to the HF treatment, but without prescribed fire. 
 
Site Selection and Plot Description 
Forest stands at Parris Island were selected based on size (greater than 2 hectares 
in size in order to include all four treatment types), with abundant Chinese tallow 
determined from survey data collected in 2010 (Pile 2010), and minimal impact from 
military training during the treatment period. 
A 20 m x 40 m sample plot was established in each treatment area (Figure 2). 
Sampling plots were established at least 20 m from the forest edge and must have also 
had a reproductively mature component of Chinese tallow within the unit. Treatment 
areas ranged from 0.5 to 2 hectares in size. All Chinese tallow trees greater than 3 cm 
DBH were measured across the entire sample plot. All sapling-sized Chinese tallow 
greater than 1.4 m tall but less than 3 cm DBH were measured in four randomly selected 
10 m x 10 m subplots. In the middle of each subplot (8 total) a 1 m x 1m quadrat was 
established, and all regeneration less than 1.4 m tall was recorded by Braun-Blanquet’s 
cover class (< 0.1; 0-1%; 1-2%; 2-5%; 5-10%; 10-25%; 25-50%; 50-75%; 75-95%;  > 
95%) and origin (germinant, established, or sprout). A pretreatment survey was 
conducted in June through August of 2012 (Figure 3). A resurvey of only the mastication 
treatment plots was conducted in July and August of 2013 and two complete resurveys of 
all treatment types were conducted in July and August of 2014 and 2015. 
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Fuels and Prescribed Fire Measurements 
In order to determine differences in fire behavior and fuels between the 
mastication (MHF) and non-mastication (HF) plots we used the same methodology for 
fuel sampling in both treatment areas. Along the outside perimeter of each experimental 
unit, twelve 30 cm2 fuel samples were taken, bagged, and oven dried at 80ºC for 48 hours 
(Figure 4). Once dried, the fuels were separated into four size classes [ (1) litter (pine 
straw, leaves, palmetto fronds); (2) 1 hour: 0-0.64 cm, (3) 10 hour: 0.64-2.54 cm, and (4) 
100 hour: 2.54-7.62 cm] and weighed to the nearest 0.05 g. Litter and duff depth 
measurements were also made in each of the twelve sample points to the nearest half cm. 
To measure 1,000 hour fuels, three 15.24 m transect lines were placed within each 
experimental unit. Any downed woody debris greater than 7.62 cm that crossed the 
transect line was recorded by species, diameter at transect, and decay class (i.e., solid, 
rotten, very rotten) following Brown (1974). The exception was Chinese tallow, as 
standard dry biomass equations do not exist for this species. Because larger stems of 
Chinese tallow needed to be felled with a chainsaw in some of the mastication plots, we 
measured the length of stem to 7.6 cm diameter at largest and smallest diameter (or 7.6 
cm), and diameter in the center of the stem. Using a regression equation derived from the 
mass of stem sections taken in the field and oven dried to a consistent dry weight we 
were able to approximate the mass of a log based on its calculated volume (Appendix B). 
To determine degree of litter and duff consumption, we placed eight 60-penny nails in the 
middle of each subplot level with the litter layer and eight additional nails level with the 
duff layer in each experimental unit. Following the fire treatment, the degree of litter and 
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duff consumption was measured as the amount of reduction (cm) in fuel from the top of 
the nail head to the fuel. 
Fuel moisture measurements were obtained prior to ignition and weather was 
monitored before and after ignition (Table 1). Fuel moisture measurements were taken as 
the average of 6 “grab samples” of the forest floor material that was immediately placed 
in plastic bags and stored in a cooler until weighed.  Samples were weighed wet and then 
oven dried at 60ºC for 48 hours to achieve a constant weight and re-measured. Percent 
moisture was calculated as the ratio of wet weight to dry weight. To measure fire 
temperature, we used temperature sensitive paints applied to metal tags and placed in 12 
random locations throughout each experimental unit. Each metal tag was painted with 10 
different paints (Tempilaq, Tempil Division, Air Liquide America Corporation), each 
melting at a different temperature (ºC): 107, 149, 204, 253, 316, 399, 538, 649, 788, and 
871. Each tag was hung from a metal stake approximately 10 cm from the ground. To 
determine percent area burned with in each experimental unit, we established 10 transect 
lines and point sampled at 1 m intervals, resulting in 260 sample points per unit. The total 
number of sample points that burned was divided by the total sample points.  
 
Data Analysis 
To determine the effect of mastication on Chinese tallow abundance, we 
compared pretreatment data in 2012 to post-mastication treatment data in 2013 in 
mastication treatment plots (MHF and MH). A statistical model was developed consistent 
with the experimental design. The model contained terms for treatment, block, and year, 
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and their interactions, with block included as a random effect. An ANOVA was used to 
develop F-statistics to test the model terms.  
Differences in fuel characteristics and fire behavior were determined by averaging 
samples across each experimental unit and then using an ANOVA approach as discussed 
above (without the effect of year, and its interaction) to analyze differences between fire 
treatment types (MHF vs. HF).  
To determine the effect of all treatment types on Chinese tallow abundance, we 
compared treatment types across years (2012, 2014, and 2015). We did not include 2013 
in the model as it was an incomplete survey year across all the treatments (2013 survey 
only recorded the effect the mastication treatment on MHF and MH treatment types). 
Using an ANOVA as discussed above, we modelled treatment, block, and year, and their 
interactions with block as a random effect in the model. 
To determine the effect of treatments, specific linear contrasts were performed. 
We compared mastication treatments (MHF and MH) to those without mastication 
treatments (HF and H), we compared fire treatments (MHF and HF) to those without 
(MH and H), and to determine if the fully integrated treatment (MHF) was statistically 
significant in reducing Chinese tallow, we compared it to all other treatment types (MH, 
HF, and H).  
  Data were analyzed using JMP®, Version 11 SAS Institute Inc., Cary, NC 1989-
2007 or SAS® 9.1.3 SAS Institute Inc., Cary, NC. Data are reported as means and 
standard errors of the mean. Where appropriate, data were transformed to meet the 
assumptions of hypothesis testing, but values are reported in original scale to ease 
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interpretability. Percent cover of regeneration was determined as the mid-point between 
each cover class and was average over the entire experimental unit. Any p-value less than 
or equal to 0.05 was considered evidence of a significant difference.  
 
RESULTS 
Prior to treatment there were no significant differences among treatment areas in 
Chinese tallow density per hectare (overall mean 1887 ± 369 trees; F = 2.02; p = 0.14), 
basal area per hectare (overall mean 3.37 ± 1.15 m2; F = 2.06; p = 0.15), or percent cover 
of regeneration in the ground layer (overall mean 1.36 ± 0.34 %; F = 1.22; p = 0.33).  
 
Mastication 
Mastication significantly reduced Chinese tallow density from 2012 to 2013 
survey years (F = 62.83; p < 0.01). Average density within mastication treatment units 
(MHF and MH) was 2002 ± 265 trees per hectare prior to treatment in 2012 but reduced 
to 58 ± 265 trees per hectare after the mastication in 2013. Cover of regeneration did 
increase following mastication, from 1.7% in pretreatment levels to 2.6% following 
mastication however, the difference was not statistically significant (F = 2.34; p = 0.15). 
  
Fire 
The percent area burned and average fire temperature were not affected by prior 
mastication treatments (F = 0.2; p = 0.63 and F = 0.1; p = 0.82, respectively). Differences 
in fuel bed depths, amount of litter, 100 and 1000 hour fuels were not found to be 
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different between mastication treatment types (Table 2). However, stands with 
mastication (MHF and MH) had higher levels of 1- and 10- hour fuels than stands 
without a mastication treatment (F = 8.29; p = 0.01; F = 9.3; p < 0.01). Average fire 
temperature was 196 ± 65ºC, with higher average temperatures in mastication areas (200 
± 24ºC) than in non-masticated treatments (191 ± 25ºC), although it was not significant 
(F = 0.05; p = 0.82). The amount of litter consumed was not significantly different 
between treatment types (HF = 1.7 ± 0.38; MHF = 1.71 ± 0.36; F < 0.01; p = 0.98). Only 
one experimental unit had any measureable consumption of soil duff, which occurred at 
only one of the 8 sample points within the experimental unit and subsequently was not 
included in the analysis.  
 
Overall 
Based on the overall ANOVA, When comparing Chinese tallow density (trees/ha) 
across treatment types for all full survey years (2012, 2014, and 2015) there was a 
significant interaction between treatment and year (F = 3.29; p = 0.008), a significant 
effect of treatment (F = 3.16; p = 0.047), and a significant effect of year (F = 57.34; p < 
0.001) (Table 3). The interaction between treatment and year was primarily driven by the 
increase in density in the MH treatment in 2014 and 2015 (Figure 5) and by the effect of 
mastication and fire treatments occurring in different years (Table 3). The linear contrast 
of the mastication treatments against non-mastication treatments (MHF and MH vs. HF 
and H) was not significant (F = 3.85; p = 0.06). The effect of fire (MHF and HF 
compared to MH and H) was significant in reducing Chinese tallow density (F = 4.8; p = 
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0.04). When compared against all other treatments, the MHF treatment was effective in 
reducing Chinese tallow density (F = 7.73; p < 0.01). Treatment was a significant factor 
in Chinese tallow regeneration (F = 4.85; p < 0.01), but there was no effect of year (F = 
0.79; p = 0.46) or interaction between treatment and year (F = 1.3; p = 0.27).  The 
mastication treatment units had significantly higher regeneration cover when compared to 
the treatment units without mastication (F = 12.81; p < 0.01). Fire treatments were not 
significantly different than treatments without fire in promoting or reducing the cover of 
Chinese tallow regeneration (F = 1.16; p = 0.29), neither was the MHF treatment 
different compared to all other treatment types (F = 0.61; p = 0.44). When analyzed 
within treatment years, mastication treatments (MHF and MH) significantly reduced 
Chinese tallow density (F = 18.2; p < 0.01), and promoted regeneration (F = 11.6; p < 
0.01) in 2014 (Table 4 and Figure 6). The application of fire in 2015 resulted in a 
significant difference between treatments with and without fire (F = 5.4; p = 0.03); 
treatments with fire had fewer Chinese tallow stems per hectare. The MHF treatment in 
2015 was less dense when compared to all other treatments (F = 4.3; p = 0.05).  
 
DISCUSSION 
Not burning in ecosystems with historically frequent fires may contribute 
disproportionally to the success of Chinese tallow in these communities (Meyers 2011). 
Frequent, low intensity fires had been removed from most of the forest stands at Parris 
Island for at least 10 years, which we believed was one of the causes for the exponential 
increase in Chinese tallow establishment during this time period (Pile, unpublished data). 
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By using this ecological process that structures southern pine ecosystems, we can both 
create the desired forest structure and create the conditions necessary for applying 
prescribed burning as a long-term management regime for controlling Chinese tallow.  
Chinese tallow is considered sensitive to fire, especially at smaller diameters 
(Grace 1998, Grace et al. 2005), and the continued use of prescribed fire may reduce the 
establishment of Chinese tallow in these stands, promote understory species and tree 
regeneration, and reduce shrub density. However, without fire for even short periods, 
Chinese tallow may become established in high densities and grow to diameters where 
increased bark thickness aids in fire tolerance resulting in a need for alternative 
treatments prior to the establishment of frequent, prescribed fires. Because Chinese 
tallow is able to reach reproductive maturity in 3 years, fire return intervals should be 
short enough to maintain any regeneration of Chinese tallow in juvenile stages to reduce 
the seed supply. We believed that by restoring favorable conditions for frequent, low 
intensity fires, and using prescribed fire as a management tool we would not only 
promote desired ecological function and increase native species diversity but also control 
and reduce future establishment Chinese tallow.  
Mastication has become an increasingly commonly used treatment to reallocate 
vertical fuels onto the ground surface to reduce fire hazard and improve resilience to 
future fires (Kreye et al. 2014). In our study, we used mastication to reduce Chinese 
tallow and understory shrub density, but also to increase the continuity of fuels in areas 
with high densities of Chinese tallow where surface fuels may have been absent. 
Mulching in prairie ecosystems was suggested to restore some sites and allow for future 
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management through mowing or prescribed burning (Donahue et al. 2006). Chinese 
tallow is considered a fire suppressor (Grace 1998, Richardson 2011) because the litter 
decomposes more rapidly than the litter of native southeastern species resulting in the 
loss of horizontal continuity of fuels (Cameron and Spencer 1989, Grace et al. 2005). In 
systems with dense Chinese tallow infestations, intermediate treatments such as 
mastication are suggested to create the fuel bed necessary to carry a fire, even stand-alone 
trees can suppress the spread of fire and minimize the intended impact (Grace et al. 
2005). Chinese tallow regeneration increased following mastication suggesting that 
mastication should not be used without additional treatments to reduce regeneration.  
Although the mastication treatment did not have a significant effect on promoting 
fire, a greater proportion burned when mastication occurred prior to the application of 
prescribed fire. The month prior to burning (April 2015) the area received over 35.5 cm 
of rain (NOAA 2015) which certainly impeded fire spread and resulted in low fire 
temperatures. In some cases, we had to make multiple ignition attempts for fires to carry. 
While the available fuels in frequently burned longleaf pine communities may differ from 
those in our study, prescribed fire temperatures commonly range from < 100 to 600º 
(Gibson et al. 1990, Kennard et al. 2005, Wally et al. 2006, Ellair and Platt 2013), with 
cooler fires typically around 200ºC (Olson and Platt 1995, Thaxton and Platt 2006). 
These lower fire temperatures may not have resulted in the level of desired impact to 
Chinese tallow as hotter, more intense fires.  
The effect of prescribed fire is expected to have the greatest impact on Chinese 
tallow when conducted during the growing season (Grace et al. 2005). Although long-
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term effect of repeated growing season burns on Chinese tallow is unknown, we selected 
growing season prescribed fire as the best option to control of Chinese tallow. Growing 
season prescribed fire on woody species may be more damaging or stressful to 
underground organs due to greater fire intensity (van Wagner 1973, Johnson 1992), or 
because carbohydrates needed for re-sprouting are diminished as they reside in 
aboveground portions that are killed, and frequent, growing season fires can deplete 
carbohydrate reserves killing the genet (Wade and Johansen 1986a, Wade and Johansen 
1986b, Matlack et al. 1993). Re-sprouting ability after repeated top-kill has not been 
studied in Chinese tallow and frequent, prescribed burning treatments will be needed to 
determine if the reduction in Chinese tallow is maintained long-term. 
The MHF treatment was most effective in reducing Chinese tallow density. By 
decreasing the overall stem density across the treatment unit with mastication, a follow 
up with herbicide became a much easier operation within the treatment area compared to 
areas where mastication was absent. Mastication promoted Chinese tallow regeneration 
in the form of seeds and sprouts. While mulch depths were not measured after the 
treatment, a large number of seedlings emerged and appeared to be stimulated by the 
treatment. The herbicide treatment was applied five months following mastication, which 
allowed for targeting regeneration. However, there may have been some limitations to 
this herbicide application, as some larger diameter stems may have not produced enough 
foliar biomass within the five month period to allow for effective herbicide uptake to kill 
the large root system of big individuals. In this case, it might have been more affective to 
apply herbicide immediately after the mastication treatment as a “cut stump” application. 
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Growing season prescribed fires are indicated as being the most effective for Chinese 
tallow mortality especially for larger stems (Grace et al. 2005). However, this effect may 
have been limited due to the relatively low temperatures of the burns. If conditions had 
been drier, there probably would have been a greater effect of fire on Chinese tallow. Fire 
did not reduce regeneration significantly below that of other treatments, but may have 
helped to suppress regeneration from the mastication treatment because the MH treatment 
had an increase in stem density across the experimental units from 2014 to 2015.   
 
CONCULSION 
We found that the ecologically-based, integrated treatment (MHF) tested in our 
study was most effective at reducing Chinese tallow. The MHF treatment was designed 
as a treatment regime where each treatment reduces the competitive capacity of Chinese 
tallow, while also establishing the conditions for a frequent fire regime. Mastication, with 
a follow up treatment of herbicide, may not result in a reduction of Chinese tallow over 
the long-term without additional treatments such as prescribed fire. Results from our 
prescribed fire treatment also suggests that prescribed burning must be frequent enough 
to maintain regeneration at immature levels and reduce future establishment. Additional 
research is needed to determine the effectiveness of long-term frequent prescribed fire on 
reducing Chinese tallow abundance and possibly increasing community resistance to 
invasion.  
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Table 1. Mean pre-prescribed burn fuel moisture, fire weather, and fire maximum temperature in 16 experimental treatment 
units at Parris Island MCRD, South Carolina.  
          Fire Weather   Fire Behavior 
Experimental 
Unit Trt1 Date & Time2 Fuel Moisture (% wet)   
Ambient 
Temp. (˚C) 
Relative 
Humidity 
(%) 
Wind 
Speed 
(km h-1) Direction   
Average Peak 
Temp. (˚C)3 
22 MHF 11 May 2016; 16:35 9 
 
27 73 6.1 SW S 
 
191 (149-316) 
331 HF 08 May 2016; 15:12 5 
 
30 62 1.9 NNE 
 
107 (107) 
334 MHF 08 May 2016; 15:12 20 
 
30 62 1.9 NNE 
 
192 (107-316) 
381 MHF 09 May 2016; 11:00  22 
 
28 65 4.5 NNW 
 
182 (107-253) 
382 HF 09 May 2016; 11:00  14 
 
28 65 4.5 NNW 
 
177 (107-253) 
1311 HF 05 May 2016; 14.34 13 
 
25 55 2.4 NNE 
 
168 (107-253) 
1313 MHF 05 May 2016; 14:34 24 
 
25 55 2.4 NNE 
 
229 (107-253) 
5113 MHF 20 May 2016; 12:00  25 
 
31 59 1.3 SW 
 
188 (107-316) 
5114 HF 20 May 2016; 12:00  27 
 
31 59 1.3 SW 
 
135 (107-204) 
5141 HF 20 May 2016; 12:00  20 
 
31 59 1.3 SW 
 
215 (107-399) 
5142 MHF 20 May 2016; 12:00  30 
 
31 59 1.3 SW 
 
257 (149-316) 
14113 MHF 06 May 2016; 10:30  10 
 
25 80 2.7 NNE 
 
170 (107-399) 
 168 
 
14114 HF 06 May 2016; 10:30  19 
 
25 80 2.7 NNE 
 
148 (107-253) 
14123 MHF 06 May 2016; 10:30  14 
 
25 80 2.7 NNE 
 
187 (107-253) 
14124 HF 06 May 2016; 10:30  11   25 80 2.7 NNE   390 (316-399) 
1Treatment types: MHF - mastication, herbicide, and fire; HF - herbicide and fire 
     2Prescribed fire date and time of ignition 
        3Average of all recorded peak melted temperatures recorded across the experimental unit (lowest - highest temperature recorded) 
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Table 2. Means of pre-treatment fuel depth (cm), fuel load, and post-treatment consumption by treatment type at Parris Island, 
South Carolina.  
  Fuel Depths (cm)   Fuel Loads (Mg ha-1)       Consumption 
Treatment Litter depth  Duff depth    Litter 1-hour 
10-
hour 
100-
hour 
1000 
hour 
Total 
Fuel    
Litter 
(cm) 
% area 
burned 
HF (n = 7) 5.34 1.74   22.1 1.2 2.3 0.61 9.7 35.8   1.70 67.9 
MHF (n = 8) 5.58 2.05   22.6 2.6 6.5 1.59 10.8 44.1   1.71 74.2 
  p = 0.77 p = 0.35   
p = 
0.89 
p = 
0.01 
p < 
0.01 
p = 
0.16 
p = 
0.89 0.42   
p = 
0.98 p = 0.63 
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Table 3. Effect of all four treatment types from 2012, 
2014, and 2015 survey years, among treatment 
contrasts (MHF & MH versus HF & H; MHF & HF 
versus MH & H; and MHF versus MH, HF, & H), and 
the interaction of treatment by year of specific 
contrasts. The mastication treatment occurred in 2013 
and the fire treatment in 2015.  
Treatment 
logDensity 
(trees/ ha) 
Regeneration 
(% cover) 
H 2.43 ± 0.21 0.89 ± 0.21 
HF 2.14 ± 0.23 0.85 ± 0.24 
MH  2.18 ± 0.22 1.71 ± 0.23 
MHF 1.67 ± 0.22 1.31 ± 0.23 
T p = 0.047 p = 0.009 
Y p < 0.001 p = 0.458 
T*Y p = 0.008 p = 0.273 
M p = 0.063 p = 0.002 
F p = 0.039 p = 0.291 
MHF p = 0.011 p = 0.441 
2012     
M p = 0.459 
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F p = 0.474 
 MHF  p = 0.818 
 2014     
M p < 0.001 
 F p = 0.719 
 MHF p = 0.005 
 2015     
M p = 0.207 
 F p = 0.001 
 MHF p = 0.003   
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Table 4. Effect of treatment type (H = herbicide; HF = herbicide & fire; MH = mastication & herbicide; MHF = 
mastication, herbicide, & fire) by year. The mastication treatment occurred in the spring of 2013, the herbicide 
treatment occurred in the fall of 2014, and the fire treatment in the spring of 2015. Effects of the mastication 
treatment were analyzed from the 2014 and 2015 survey data, the effect of fire in 2015, and the effect of 
mastication and fire combination in 2015.  
  
Year 
Treatment  2012 20131 2014 2015 
H 
     
 
Density (trees/ha) 2474 ± 657  na 188 ± 85 197 ± 137 
 
Basal Area (m2/ha) 3.5 ± 2.1 na 0.8 ± 0.3 0.2 ± 0.2 
 
Regeneration (% cover) 0.98 ± 0.6 na 0.67 ± 0.35 1.17 ± 0.28 
HF 
     
 
Density (trees/ha) 968 ± 708 na 400 ± 90 275 ± 147 
 
Basal Area (m2/ha) 2.2 ± 1.5 na 0.4 ± 0.3 0.3 ± 0.2 
 
Regeneration (% cover) 1.08 ± 0.6 na 0.71 ± 0.37 0.82 ± 0.27 
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MH 
     
 
Density (trees/ha) 2078 ± 658 66 ± 29 120 ± 85 394 ± 138 
 
Basal Area (m2/ha) 4.3 ± 1.4 0.4 ± 0.2 0.4 ± 0.3 0.3 ± 0.2 
 
Regeneration (% cover) 2.19 ± 0.6 3.0 ± 0.6 1.69 ± 0.35 1.0 ± 0.25 
MHF 
     
 
Density (trees/ha) 1927 ± 657 50 ± 29 63 ± 85 55 ± 138 
 
Basal Area (m2/ha) 3.4 ± 1.4 0.1 ± 0.2 0.06 ± 0.3 0.03 ± 0.2 
 
Regeneration (% cover) 1.18 ± 0.6 2.62 ± 0.6 1.56 ± 0.35 1.19 ± 0.25 
      Density (trees/ha) 
Effect of M 
   
F = 18.2; p < 0.01 F = 0.72; p = 0.4 
Effect of F 
    
F = 5.4; p = 0.03 
M*F 
    
F = 4.3; p = 0.05 
Basal Area (m2/ha) 
Effect of M 
   
F = 2.5; p = 0.13 F = 0.38; p = 0.5 
 174 
 
Effect of F 
    
F = 0.22; p = 0.6 
M*F 
    
F = 1.6; p = 0.2 
Regeneration (% cover) 
Effect of M 
   
F = 11.6; p < 0.01 F = 0.17; p = 0.7 
Effect of F 
    
F = 0.14; p = 0.7 
M*F         F = 0.55; p = 0.5 
1Survey data in 2013 was only recorded in the mastication treatment units.  
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FIGURES 
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Figure 1. Map of treatment areas (MHF, MH, HF, and H) at Parris Island MCRD, located 
in Beaufort, South Carolina.  
 177 
 
 
 
Figure 2. Depiction of sample plot. Across the entire 20 m x 40 m sample plot, all tree-
sized Chinese tallow (> 3 cm DBH) were measured by DBH and recorded. In four 
randomly selected 10 m x 10 m subplots, all sapling-sized (< 3cm DBH; > 1.4 m tall) 
Chinese tallow were measured by DBH and recorded. In all 1 m x 1 m quadrats, all 
Chinese tallow regeneration (< 1.4 m tall) was recorded by cover and origin (seedling or 
sprout).  
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Figure 3. Vegetation survey and treatment timeline at Parris Island. A pre-treatment 
survey occurred in the summer of 2012. The mastication treatment occurred in May of 
2013. In the summer of 2013, the masticated treatment areas were re-surveyed. In the 
late-summer/fall of 2013 a foliar application of herbicide was to masticated treatment 
areas. In the fall/winter of 2013 a dormant application of herbicide (basal bark or “hack 
and squirt”) was applied to the stems of Chinese tallow in non-masticated stands. A re-
survey of all treatment areas was completed in the summer of 2014. The prescribed fire 
treatment was performed in May of 2015, followed by a complete re-survey of all 
treatment areas in the summer of 2015. 
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Figure 4. Depiction of fuels and fire sampling method within each experimental unit 
receiving a fire treatment (MHF and HF).  
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Figure 5. Overall effect by treatment in each year on the density (log trees/hectare) of 
Chinese tallow at Parris Island.  
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Figure 6. Effect of treatment within year on Chinese tallow regeneration, different letters 
indicate a significant difference (p < 0.05) among treatment types.  
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CHAPTER SIX 
 
PLANT COMMUNITY RESPONSE TO INTEGRATED MANAGEMENT OF AN 
INVASIVE TREE 
 
 
ABSTRACT 
Building resistance in ecological communities decreases invasion potential. In 
ecosystems with active non-native, invasive species management, a decline in the invader 
and the response of the community should indicate the success of management actions. In 
our study, we designed several treatments to directly control an invasive tree, Triadica 
sebifera (L.) Small, through top-down actions, and to increase the resistance of the 
community through bottom-up processes to favor native species at the detriment of the 
invader. We examined the response of the community to four treatment types: 1) 
Herbicide (H); 2) Mastication and Herbicide (MH); 3) Herbicide and Fire (HF); and 4) 
Mastication, Herbicide, and Fire (MHF). We found that mastication significantly reduced 
midstory density of all species (F = 13.76; p = 0.001). However, without the addition of 
fire, midstory density increased to levels similar to those without mastication within two 
years. The MHF treatment reduced midstory density throughout the survey period, 
resulting in an increase in basal area (m2/ha) for Quercus virginiana Mill. (F = 5.35; p = 
0.007), in density of Quercus nigra L. (F = 3.31; p = 0.039). The MHF treatment also 
increased ground flora richness (F = 5.48; p = 0.03), without reducing the richness of 
regenerating woody species (F = 1.48; p = 0.24), or increasing non-targeted invaders. Our 
results show that MHF produced a positive response from the native plant community by 
reducing midstory density of Ilex vomitoria Aiton, and Morella cerifera (L.) Small, 
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promoting desired Quercus species, and increasing ground flora richness. These results 
may cause an increase in community resistance to invaders.   
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INTRODUCTION 
Forest ecosystems are under increasing stress from environmental change, 
including invasion by non-native species that can disrupt ecological processes and 
functions. Increasing forest resilience to such emerging threats has become an important 
research topic and management goal. Resilient forested communities are characterized by 
their ability to return to pre-disturbance conditions following a disturbance (Holling 
1973), and their resistance to change following the arrival of propagules of potentially 
damaging species (D'Antonio and Chambers 2006). Non-native species invasions may 
interfere with maintaining desired vegetation types by altering post-disturbance 
succession and keeping communities in persistent undesirable states (D'Antonio and 
Chambers 2006). The capacity of an ecological community to resist invasion is an 
important ecosystem service (Foster et al. 2015), and proactive management may build 
community resistance to reduce the establishment and population growth of invaders 
(D'Antonio and Chambers 2006). Therefore, the management of non-native, invasive 
species requires management of the entire community (Holt and Hochberg 2001, Pearson 
and Callaway 2005). 
Management actions are intentional disturbances, but can have unintended effects 
on the native community. Disturbance has the ability to facilitate co-existence and 
maintain biodiversity by increasing establishment opportunities for native species that are 
adapted to historical disturbance regimes, or can create conditions were one or few 
species dominate over others (Connell 1978). Disturbance can also result in invasion and 
dominance by non-native, invasive plants (Lockwood et al. 2013). Management of non-
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native, invasive species should not occur in isolation of the native community or be 
undertaken as a singular activity. Management should be designed and implemented with 
consideration of the historical functions and processes that have characterized the 
ecological system as these may be important to building resistance in the community. 
Often, maintaining or restoring the structure and ecosystem processes known to favor 
resident species can be used to increase community resilience and resistance and thereby 
reducing invasion potential (D'Antonio and Chambers 2006). 
Invasive species management should result in an overall improvement in the 
targeted ecosystem, as measured by the response of the community by the degree to 
which the invader is controlled (Pearson et al. 2009). Effective management requires 
removing or eliminating the invading species through top-down control, while also using 
bottom-up processes to promote and restore important properties or functions that have 
historically characterized the ecosystem (McEvoy and Coombs 1999). Because 
management actions can be biotic or abiotic, pulsed or persistent, widespread or 
localized, and broad or narrow in their selectivity, they can exhibit a wide array of side 
effects in natural communities (Pearson et al. 2009). Many studies have documented the 
negative effect of exotic invasive species management on native species, and there is a 
need to investigate the repair of ecosystems following removal of the damaging species, 
particularly in relation to legacy effects, secondary invasions, and predicting ecosystem 
responses to multiple forms of manipulation (Pyšek and Richardson 2010). 
The objective of our study was to determine the community response to 
treatments for the control of an exotic, invasive tree species, Triadica sebifera (L.) Small. 
 186 
 
Specifically, we tested the treatment effects on native species abundance and diversity, 
and recruitment and establishment of other non-native, invasive species. Treatments were 
designed to reduce the density of T. sebifera, to increase native species diversity, create 
open-stand forest structure, and to use prescribed fire to enhance and promote native 
species adapted to this disturbance regime. The four treatment types included: 1) 
Herbicide (H) applied to target T. sebifera; 2) Herbicide and Fire (HF) with herbicide 
applied to T. sebifera, followed by a growing season prescribed fire; 3) Mastication and 
Herbicide (MF) with a mastication treatment to reduce midstory density followed by an 
application of herbicide to target regeneration of T. sebifera; and 4) Mastication, 
Herbicide, and Fire (MHF) which was similar to the MH treatment, but with the addition 
of a growing season prescribed fire. The MHF is an integrated treatment regime that uses 
mastication as an intermediate treatment to reduce midstory density to facilitate a 
frequent surface fire regime. We consider MHF an ecologically-based treatment because 
it was designed to target the biology and ecology of T. sebifera (Pile, Chapter 5) while 
creating conditions that support frequent prescribed burning, an ecological process 
characteristic of southern U.S. pine and maritime forest communities. Additionally, in the 
MHF treatment each individual treatment builds upon the previous treatment to reduce 
the density and establishment opportunities of T. sebifera but to also create the conditions 
necessary for establishing a frequent prescribed fire regime. 
We hypothesized that: 1) mastication would effectively reduce shrub density, 
resulting in increased ground layer richness and woody regeneration; 2) fire alone would 
reduce shrub density, but not to the extent of the mastication treatment; 3) the 
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combination of mastication and fire would have longer-lasting effects on reducing shrub 
density while also favoring native, fire-adapted species.  
 
METHODS 
Study Site and Background 
The study was conducted at Parris Island Marine Corps Recruit Depot (MCRD), 
located in Beaufort County, SC. Parris Island began management to control Triadica 
sebifera in 2006 using herbicide, however, after surveying the effectiveness of this 
treatment, it was determined that there was a need for a more holistic, community-based 
approach to management, that combined treating the invading species and restoring fire 
as an ecological process. Triadica sebifera is a known, highly aggressive invader of 
coastal forests (Bruce et al. 1997), and is suspected of being intolerant to repeated 
growing season prescribed fires (Grace et al. 2005). In 2011, we designed a research 
project to investigate several treatments to control of T. sebifera with the additional 
objectives of reducing understory woody plant density and promoting native species 
diversity with the intention of increasing community resistance to invasion from T. 
sebifera.  
Parris Island is located on the Southeastern Coastal Plain ecoregion (EPA 2013), 
with relatively flat topography ranging from 0 to 7 m above mean sea level. The area is 
characterized by mild winters and hot summers, with soils that are generally described as 
fine sands to fine loamy sands. Soil series include Wando fine sands (sandy marine 
sediments, very deep and well-drained), Wahee fine sandy loam (clayey and loamy 
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marine sediments, very deep and somewhat poorly drained), Murad fine sand (loamy 
marine deposit, moderately well to somewhat poorly drained), Williman loamy fine sand 
(loamy marine deposit, poorly drained), and Seewee fine sand (sandy marine deposits, 
somewhat poorly drained) (Soil Survey Staff 2013).The island is comprised of 3,257 
hectares, of which 608 are managed forest lands that are dominated by mature Pinus 
elliottii Englem. plantations and natural mixed maritime hardwood forests. The hardwood 
forest component includes Quercus virginiana Mill., Q. hemisphaerica W. Bartam ex 
Willd., Q. pagoda Raf., Q. nigra L., Fraxinus pennsylvanica Marshall, Liquidambar 
styraciflua L., and Acer rubrum L.. Prior to treatment, a dense shrub layer of Morella 
cerifera (L.) Small and Ilex vomitoria Aiton. with a sparse understory of herbaceous 
plants represented the forest understory. Non-native, invasive species other than T. 
sebifera were present on Parris Island prior to treatment (i.e., Ailanthus altissima (Mill.) 
Swingle, Melia azedarach L., Lantana camara L., Lonicera japonica Thunb., and 
Microstegium vimineum (Trin.) A. Camus) but were not in significant densities to require 
directed control efforts. However, by reducing understory density and restoring fire as an 
ecological process we believed these treatments would indirectly reduce establishment 
and further recruitment of these species.  
 
Study Design 
This study was conducted with a randomized, complete block design, blocked by 
forest stand with eight replicates and four treatment combinations, resulting in 32 
experimental units. Treatment areas ranged from 0.5 to 2 hectares in size. Mastication 
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was applied with a Caterpillar model HM315 roller chopper with carbide teeth in the MH 
and MHF treatment areas in May of 2013. Mastication was followed in late summer of 
the same year by a directed spray foliar application of 2.5% v/v Garlon 4 Ultra © 
herbicide and water to kill any regrowth (i.e., basal sprouts, stump sprouts, root sprouts) 
or seedling recruitment of T. sebifera. For the treatments that did not have mastication 
(HF and H), in the winter of 2013, a basal bark herbicide application of 25% Garlon 4 
Ultra © v/v with basal oil was applied to the lower portion of all stems less than 15 cm 
DBH of T. sebifera. Stems greater than 15 cm received the same application rate but 
applied by the “hack and squirt” injection method. Fire treatments (HF and MHF) were 
applied in May of 2015. Fires were applied as backing fires with strip head fires 
approximately every 15 meters burning into the backing fire. The average air temperature 
during prescribed burns was 28 ± 0.7ºC with average relative humidity of 66 ± 2.5%. The 
average dead ground fuel moisture was 17.5 ± 1%. The average percent area burned was 
71 ± 6% within the sample plot and average fire temperature was 196 ± 17ºC.  
 
Sampling Units 
In order to determine the effect of treatments on the plant community, we 
established a 20 m x 40 m sample plot in each treatment area. All trees greater than 3 cm 
DBH were measured and recorded to species (Trees). In four randomly selected 10 m x 
10 m subplots, all saplings or shrubs greater than 1.4 m tall but less than 3 cm DBH were 
measured and recorded to species (Midstory). In the middle of each 10 m x 10 m subplot, 
a 1 m x 1 m quadrat was established (8 total), all tree regeneration and herbaceous plants 
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were identified, and recorded by Braun-Blanquet’s cover class (Regeneration and 
Ground Layer, respectively). A pretreatment survey was conducted in the summer of 
2012 and two post-treatment resurveys were conducted in the summers of 2014 and 2015 
(3 months post-fire).  
 
Data Analysis 
To determine treatment effect on native species stem density (#/ha), basal area 
(m2/ha), cover of woody regeneration (%), cover of herbaceous flora by cover and habit 
group (%), and species richness of woody regeneration and herbaceous flora, we 
compared treatment types (MHF, MF, HF, and H) across survey years (2012, 2014, and 
2015). A statistical model was developed consistent with the experiment design. The 
model contained terms for treatment, block, year, and their interactions, with block 
included as a random effect in the model. An ANOVA was used to calculate F-statistics 
to test the model terms. Within year comparisons were made by developing a model to 
test the effect on values by containing terms for treatment and block, with block as a 
random effect, with follow up comparisons between treatments using Tukey’s HSD when 
the model was significant.  
To determine the relative effect of each treatment on species density (stems/ha), 
basal area (m2/ha), and percent cover of regeneration and herbaceous group, we 
calculated relative abundance indices (relative density, relative basal area, or relative 
percent cover) by plot for each species for 2012 and 2015. We then determined percent 
change (%  by subtracting the relative abundance in 2015 from the relative abundance 
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index in 2012 for each species , 
where XSpi15 is the index of interest for the ith species in 2015 and XTOT15 is the total of 
that index value for all species in the plot in 2015 less the values in 2012. The percent 
change by species was averaged within treatment types. We developed a model to 
determine the relative change by including treatment and block as a random factor. An 
ANOVA was used to develop F- statistics to test the model terms. We used linear 
contrasts to determine the effects of the mastication treatment (MHF and MH versus HF 
and H), the fire treatment (MHF and HF versus MH and H), and the combined 
mastication and fire treatment (MHF versus all other treatment types).  
Data were analyzed using JMP®, Version 11 SAS Institute Inc., Cary, NC 1989-
2007 or SAS® 9.1.3 SAS Institute Inc., Cary, NC. Data are reported as means and 
standard errors of the mean. Where appropriate data have been transformed to meet the 
assumptions of hypothesis testing, but values are reported in original scale to ease 
interpretability. Percent cover was determined as the mid-point between each cover class 
and was averaged over the entire experimental unit. Any p-value less than or equal to 
0.05 was considered evidence of a significant difference.  
 
RESULTS  
Results were determined by size class (trees > 3 cm in DBH; midstory < 3 cm 
DBH and > 1.4 m tall) and cover type (tree regeneration or ground layer flora) to 
differentiate the effect of treatments on forest structure and composition.  
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Tree 
Based on the overall ANOVA, stand basal area did not differ (F = 0.84; p = 0.49) 
among treatments but did differ (F = 5.32; p = 0.008) (Table 1, Figure 1) over survey 
years. There was no significant interaction between treatment and year (F = 1.21; p = 
0.31). The effect of year was due to the reduction in basal area from 2012 (32.2 ± 1.7 
m2/ha) to 2014 (29.0 ± 1.7 m2/ha) and 2015 (29.6 ± 1.7 m2/ha) survey years (F= 10.29; p 
= 0.002).  
The overall ANOVA for total tree density (stems/ha) showed significant effect of 
treatment (F = 9.54; p < 0.001), year (F = 19.75; p < 0.001), and the interaction of 
treatment by year (F = 7.22; p < 0.001). The interaction of treatment by year was due to 
an increase in density from 2012 (1304 ± 288) to 2014 (1516 ± 288) in the HF treatment, 
an increase in density in the H treatment from 2014 (1901 ± 270) to 2015 (2031 ± 270), 
and a decrease in density in the remaining two treatments in each time step (Table 2). 
Based on linear contrasts, mastication treatments (MHF and MH) significantly reduced 
tree density (F = 18.9; p < 0.001). The fire treatments (MHF and HF) were not significant 
from the other treatment types (F = 3.82; p = 0.06). The MHF treatment was significantly 
different from the other treatment types (F = 6.13; p = 0.02), resulting in a density 
reduction of -428 ± 173 stems/ha. 
Mastication significantly changed relative density for Morella cerifera (F = 5.23; 
p = 0.033), Q. nigra (F = 4.64; p = 0.043), Q. pagoda (F = 4.63; p = 0.043), and Q. 
virginiana (F = 5.33; p = 0.031) (Table 4). Mastication increased numbers of all species 
except M. cerifera (-10.2 ± 4.46; F = 5.23; p = 0.033). Quercus nigra and Q. virginiana 
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had significant changes in relative basal area or density due to treatment effects (Table 3). 
The increase in density was greater in the MHF treatment when compared to all other 
treatments for Q. nigra (F = 3.31; p = 0.039). Relative basal area (%) of Q. virginiana 
increased significantly in the MHF treatment (F = 5.35; p = 0.007).   
 
Midstory 
The overall ANOVA for midstory basal area indicated significant effect of 
treatment (F = 4.65; p = 0.013), year (F = 27.33; p < 0.001), and the interaction of 
treatment and year (F = 8.29; p < 0.001). The interaction was caused by an increase in 
basal area in the HF treatment from 2012 (1.5 ± 0.4) to 2014 (2.11 ± 0.4) and in the MH 
treatment from 2014 (0.2 ± 0.3) to 2015 (0.4 ± 0.3), but not in the other treatments. Based 
on linear contrasts, basal area was significantly reduced in mastication treatments in 
comparison to the non-mastication treatments (-0.9 ± 0.2; F = 13.76; p = 0.001). Basal 
area was not affected by fire (F = 0.007; p = 0.93). Mean basal area was significantly 
lower in MHF treatments, resulting basal area on average by -0.57 ± 0.27 m2/ha, when 
compared to the other treatments (F = 4.51; p = 0.046).  
The overall ANOVA for midstory density was also significantly affected by 
treatment (F = 5.41; p = 0.007), year (F = 40.56; p < 0.001), and the interaction of 
treatment by year (F =8.96; p < 0.001). The interaction was due to a decrease in density 
from 2014 (7483 ± 11) to 2015 (2884 ± 11) in the HF treatment but not in the other 
treatments. Based on linear contrasts, mastication treatments were significant in reducing 
density when compared to the non-mastication treatments (-2206 ± 876; F = 6.35; p = 
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0.02), especially in 2014 (Figure 2). The fire treatments were not significantly different in 
affecting midstory density (F = 1.75; p = 0.2), while the MHF treatment was significant 
in reducing midstory density (-2113 ± 1003; F = 4.44; p = 0.048) when compared to the 
other treatment types. 
Basal area was significantly different among treatment areas for Ilex vomitoria 
Aiton (F = 3.45; p = 0.035) (Table 5), with reductions in basal area in the HF and MHF 
treatments. Change in density of sapling sized Pinus elliottii was significant by treatment 
(F = 3.45; p = 0.035), with a reduction in the MH treatment. Overall, mastication reduced 
the density of Pinus elliottii (-18.54 ± 9.66; F = 0.73; p = 0.041; Table 6).   
 
Regeneration 
The overall ANOVA for species richness of regenerating woody species was not 
significantly affected by treatment (F = 0.61; p = 0.620), or the interaction between 
treatment and year (F = 0.76; p = 0.600), but was significant by year (F = 6.3; p = 0.003) 
(Table 7). Regeneration richness was higher in 2014 (5.69 ± 0.35) and 2015 (5.75 ± 0.35) 
than it was prior to treatment in 2012 (4.90 ± 0.35). Based on linear contrasts, there was 
no significant effect of mastication (F = 1.3; p = 0.28), fire (F = 0.05; p = 0.83), or the 
combination of mastication and fire (F = 1.48; p = 0.24) on regeneration richness. The 
overall ANOVA for percent cover of regeneration was not significantly affected by 
treatment (F = 0.37; p = 0.77), or by the interaction of treatment by year (F = 1.33; p = 
0.26). However, percent cover was significant by year (F = 5.88; p = 0.005) and was 
highest prior to treatment (10.8 ± 3.2; F = 11.29; p = 0.001). 
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There was a significant treatment effect on the regeneration of Pinus elliottii (F = 
4.88; p = 0.01; Table 8). Percent relative cover of regeneration for P. elliottii was 
significantly higher in masticated areas (20.3 ± 6.83; F = 8.87; p = 0.007), while the fire 
treatment reduced relative cover (-17.8 ± 6.91; F = 6.63; p = 0.017). The regeneration 
abundance of Ilex vomitoria (-15.51 ± 7.44; F = 4.34; p = 0.049) and Quercus nigra (-
1.15 ± 0.54; F = 4.5; p = 0.046) was significantly reduced in masticated areas.   
 
Herbaceous  
Based on the overall ANOVA, species richness of the herbaceous flora was not 
significantly affected by treatment (F = 2.06; p = 0.14), or by the interaction of treatment 
by year (F = 1.62; p = 0.16), but was significantly affected by year (F = 14.04; p < 
0.001). Richness significantly increased each year from 2012 (5.75 ± 0.64), 2014 (7.68 ± 
0.64), and 2015 (9.23 ± 0.64). Based on linear contrasts species richness was not 
significantly affected by mastication (F = 2.53; p = 0.13) or fire (F = 2.87; p = 0.11). 
However, species richness was significantly higher in the MHF treatment when compared 
to the other treatments (1.5 ± 0.6; F = 5.48; p = 0.03), and species richness significantly 
greater in 2015 post-fire in the MHF treatment when compared within year (F = 9.85; p = 
0.003; Table 8, Figure 3).  
The overall ANOVA for percent cover was not significantly affected by treatment 
(F = 1.1; p = 0.39), by year (F = 1.1; p = 0.34), or by the interaction between treatment 
and year (F = 1.1; p = 0.39). Percent cover by life form groups (i.e., forb, graminoid, 
subshrub, or vine) was not affected by treatment, year, or the interaction. Percent change 
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in cover from 2012 to 2015 was significant for subshrubs (F = 3.18; p = 0.044; Table 9). 
Based on linear contrasts, percent cover of subshrubs was significantly reduced by the 
fire treatment (F = 5.2; p = 0.032) and the MHF treatment (F = 8.86; p = 0.007).  
 
Exotic, Non-Native Species 
Prior to treatment, Ailanthus altissima (MHF: 5 ± 3 stems/ ha) and Melia 
azedarach (MHF: 8 ± 5) were minor components in the MHF treatment, but were 
reduced to 0 by 2015. Lantana camara was a component of the midstory prior to 
treatment (HF: 3 ± 4; MH: 3 ± 4; MHF: 9 ± 4), but was also not recorded in the midstory 
by 2015. Change in relative cover of regeneration for L. camara was not significant by 
treatment (F = 0.31; p 0.82) or treatment type (M: F = 0.2; p = 0.66; F: F = 0.74; p = 0.4; 
M & F: F = 0.01; p = 0.91). Cover of Lonicera japonica was recorded in several 
treatment areas, but was not affected by treatment type (F = 1.2; p = 0.32), which was 
similar for Microstegium vimineum (F = 0.82; p = 0.49).  
 
DISCUSSION 
Ecological resistance refers to the biotic and abiotic features of a community that 
limit the population of invaders (D'Antonio and Chambers 2006). Successful invasion is 
dependent on not only the invading species, but also the characteristics, dynamics, and 
history of the site being invaded (Hobbs and Humphries 1995). Building resistance in a 
community can include increasing native species richness (Naeem et al. 2000, Oakley 
and Knox 2013, Foster et al. 2015) or functional complexity (Pokorny et al. 2005, Funk 
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et al. 2008). Disturbance regimes may be altered to reduce the spread of invaders and 
reduce the opportunity for new invaders (Huston 2004, Firn et al. 2010).  
The use of disturbance in invasive species management can be timed in ways that 
decrease the invaders ability to benefit from them but increases the competitiveness of 
native species (D'Antonio et al. 2001), and in some cases, disturbances can be applied to 
transition the community to more resistant states or disturbance regimes (Firn et al. 
2010). Thus, the role of disturbance in promoting or preventing invasion is a function of 
the evolutionary history of both the resident species and the invaders (Hobbs and 
Huenneke 1992, D'antonio et al. 1999). The maritime forest has been historically 
characterized by a fire return interval from between two and 26 years, depending on the 
topographic situation and ignition source (Frost 2005). On islands, the combination of 
lightning and Native American burning may have produced a fire return interval of 5 to 7 
years (Frost 2004). Increased fire frequency in this forest type also increases herbaceous 
diversity (Frost 2005). In maritime forests, fire suppression and logging have led to the 
conversion of two layered forests with open understories to nearly impenetrable thickets 
of dense multistoried woody vegetation with essentially no herbaceous plants (Frost 
2005), similar to the conditions seen in this study prior to treatment. Fire is also an 
important component of managing southern U.S. pine forests with open-stand structures 
and herbaceous understories. Many of the forest stands at Parris Island were planted in 
Pinus elliottii in the 1970s and managed infrequently with fire resulting in dense, woody 
understories. By using prescribed fire, our study aimed to reduce the density of T. 
sebifera, a species believed to be sensitive to growing season prescribed fires (Grace 
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1998), while promoting the native species that are adapted to this disturbance, and 
creating open-stand structures.  
Communities vary in their susceptibility to invasion, which can be altered by 
management activities (Hobbs and Humphries 1995). Management strategies to control 
invasive species often are developed using only a top-down approach, specifically 
targeting the invading species through mastication, herbicide, biological control, or 
controlling the spread of propagules (D'Antonio and Chambers 2006). We used a top-
down approach for targeting T. sebifera through the use of herbicide and mastication to 
remove the aboveground portion of the stem. Mastication was effective in two ways; it 
reduced the density of the invader and it reduced the density of understory shrubs, driving 
bottom-up controls by creating the fuels and conditions to support frequent surface fires. 
Bottom-up controls are those that emphasize the application of properties and processes 
that contribute to the resilience and resistance of the community (McEvoy and Coombs 
1999). While mastication is not a natural disturbance, its application aids in the transition 
to a different disturbance type, frequent fire. In recent years, mastication has become a 
widely used tool to relocate vertical fuels to the ground prior to prescribed fire (Kreye et 
al. 2014). By including the top-down control of T. sebifera, and the bottom-up drivers to 
alter community properties and processes invasion pressure should be reduced and 
community resistance increased.  
The purpose of our mastication and fire treatments was to change forest structure 
to an open canopy with an open herbaceous understory, reminiscent of historical 
maritime forest structure and processes. The process of adding frequent fire is intended to 
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increase species diversity and function but also to increase community resistance to 
invasion. We do not characterize our approach as restoration as these sites have a long 
history of human disturbance (Pile, Chapter 2), with the majority of stands represented by 
mature P. elliottii plantations. Restoration to pre-European settlement would be nearly 
impossible and outside the scope of management goals. Instead, we are promoting the 
historic disturbance (i.e., frequent surface fires) that disfavors the invader (Funk et al. 
2008) while promoting desirable native species and potentially increasing community 
resistance.  
Plant response and recovery from mastication may depend on a range of factors 
(Kreye et al. 2014). The mastication treatments in our study significantly reduced stem 
density and had a negative impact on tree-sized Morella cerifera, sapling-sized Pinus 
elliottii, and midstory basal area of Ilex vomitoria. In contrast, mastication increased the 
number of oaks (Q. nigra, Q. pagoda, and Q virginiana) in the 3 cm or greater size class, 
which is probably attributed to more growing space for these species following the 
reduction in shrubs. Mastication resulted in a reduction of Q. nigra regeneration, as well 
as Ilex vomitoria. Regeneration of P. elliottii increased following mastication, which is 
consistent with enhanced germination from exposed mineral soil for this species (Lohrey 
and Kossuth 1990).  
By increasing the abundance of native species, available resources should be 
reduced for invaders, unless invaders occupy a niche space that is wholly different than 
the native species (D'Antonio and Chambers 2006). Prescribed fire was effective at 
maintaining reduced shrub density, especially when mastication was an intermediary 
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treatment. When the mastication treatment was not followed by prescribed fire, woody 
shrub density of Morella cerifera and Ilex vomitoria increased, however, ground layer 
richness remained constant. Our results are similar to those of Kane et al. (2010), where 
mastication treatments alone reduced midstory density but did not increase ground layer 
richness. However, when mastication was combined with prescribed fire, native species 
richness increased by 150% compared to the control (Kane et al. 2010). Ilex vomitoria 
promotes surface fire spread in communities with frequent fire regimes (Villarrubia and 
Chambers 1978, Mann and Fischer 1987) and may be important for maintaining this type 
of disturbance regime especially when herbaceous flora is sparse. Mastication reduced 
the height of the highly abundant midstory M. cerifera and I. vomitoria to levels below 
1.4 m tall and the application of prescribed fire kept these fast growing species near the 
soil surface providing important surface fuels and increasing air flow through the stand, 
while also providing resources for increased herbaceous diversity.  
In our study, prescribed burning did not have a discernable impact on native 
species density or abundance. However, when mastication and fire were combined 
(MHF) there was a significant increase in tree-sized Q. nigra density, basal area of Q. 
virginiana, midstory density of P. elliottii, and an increase of herbaceous richness. The 
increase in rapid-growing, long-lived, and fire-tolerant species, such as P. elliottii and Q. 
nigra, may help to reduce the competitiveness of T. sebifera. Increased ground layer 
richness may also help to impede establishment of T. sebifera, by reducing available 
resources and may aid in carrying repeated surface fires. Siemann and Rogers (2003) 
found that reduced above-ground competition in grasslands increased the survival and 
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growth of T. sebifera. Resistance to invasion by invaders in some communities may 
result more from the suppression of seedling survivorship and/or subsequent seedling 
growth due to competition, than from reductions in germination or initial seedling 
emergence (Foster et al. 2015). While frequent surface fires may keep T. sebifera at 
juvenile stages, resulting in a reduction of invader density over the long-term, a short, fire 
free period will be necessary to recruit the regeneration of species such as P. elliottii to 
sapling sized class when it is less sensitive to fire. Planting of native tree species, such as 
Pinus palustris Mill. (longleaf pine) that are adapted to frequent surface fire regimes, 
even at juvenile stages, would allow for the application of frequent prescribed burning, 
increasing the competitiveness of native species adapted to this disturbance regime, while 
ensuring T. sebifera does not reach reproductive maturity or reduced sensitivity to fire 
during fire free periods. Additionally, enrichment planting with native herbaceous species 
may be necessary to increase the functional diversity of frequent fire-evolved species that 
may be absent from the seed bank.  
Often, invasive plant management can enhance invasibility through resource 
release and decreased competition (Thompson et al. 2001, Minchinton and Bertness 
2003), resulting in the reinvasion of the plant targeted for control, or the colonization by a 
new invasive plant (Kettenring and Adams 2011). Although we did not find an increase 
in non-native invasive species due to our treatments, future monitoring is necessary 
especially because these species are already established in the community. We found that 
the MHF treatment reduced the density of woody invaders (i.e., Ailanthus altissima and 
Melia azedarach) recorded prior to treatment, but due to the small sample size and 
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limited distribution of these species in all treatment types, we are unable to infer 
treatment effects. Although not significant, M. viminuem was more abundant in the MHF 
treatment, than in the other treatment types. This species is known to invade after the 
management of other non-native, invasive species (Vaughn 2013). 
The results of our final survey year occurred within the same year as the 
prescribed fire, and may not completely show the effects of fire on native species. In 
addition, the effect of one fire may not be representative of establishing a frequent 
surface fire regime. There is a need for more fires and long-term monitoring to fully 
understand the impact of fire on the community and its resistance to invasion.  
 
CONCLUSION 
Currently, most invasive species management programs use methods that only 
target the invader, resulting in negative impacts to the community (Pyšek and Richardson 
2010, Buckley and Han 2014). As biological invasions are increasingly threatening native 
ecosystems, information on how to build biotic resistance in native communities is 
needed. Most approaches to increase resistance have been to increase species richness or 
functional diversity through native planting. We found that, by using an ecologically-
based management approach (MHF), we were able to reduce midstory density, increase 
herbaceous species richness, and create a forest structure that is reminiscent of what 
historically characterized this ecological community. In addition, this approach resulted 
the in reduced abundance of other non-native invaders. Repeated prescribed fires and 
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continued monitoring are need to determine if frequent burning after the MHF treatment 
will continue to reduce T. sebifera and increase community resistance.  
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TABLES 
 
Table 1. Treatment means (H = herbicide; HF = herbicide and fire; MH = mastication and 
herbicide; MHF = mastication, herbicide and fire), standard errors, and treatment effects (M 
= mastication; F = fire; M & F = combination of mastication and fire) on basal area (m2/ha) 
and density (trees/ha) of trees (< 3 cm in DBH) and midstory (< 3 cm DBH; > 1.4 m tall) 
stems recorded at Parris Island, SC. P-values in bold indicate a significant result based on 
an alpha of 0.05.  
 
Trees Saplings/Shrubs 
 
BA 
(m2/ha) 
Density 
(trees/ha) 
BA 
(m2/ha) 
Density 
(trees/ha) 
H 32.8 ± 2.8 2000 ± 236  1.7 ± 0.3 8510 ± 1510 
HF 31.0 ± 3.1 1387 ± 246 1.7 ± 0.3 7137 ± 1567 
MH 26.7 ± 2.9 1026 ± 237 0.8 ± 0.3 6099 ± 1523 
MHF 30.7 ± 2.9 1043 ± 237 0.9 ± 0.3 5135 ± 1523 
  p = 0.49 p < 0.001 p = 0.01 p < 0.01 
2012 32.2 ± 1.7 1807 ± 212 2.0 ± 0.2 10513 ± 1425 
2014 29.0 ± 1.7 1155 ± 212 1.1 ± 0.2 4606 ± 1425 
2015 29.6 ± 1.7 1131 ± 212 0.8 ± 0.2 5042 ± 5042 
  p < 0.01 p < 0.001 p < 0.001 p < 0.001 
M p = 0.28 p < 0.001 p = 0.001 p < 0.01 
F p = 0.71 p = 0.06 p = 0.93 p = 0.06 
M & F p = 0.87 p = 0.02 p = 0.046 p < 0.01 
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Table 2. Change in means (± SE) of tree and midstory basal area and density by treatment (H = herbicide; HF = 
herbicide and fire; MH = mastication and herbicide; MHF = mastication, herbicide and fire) and survey year. The 
mastication treatment occurred in 2013 and is reflected in the 2014 survey data. The fire treatment occurred in the 
spring of 2015, and is reflected in the 2015 survey data. Within year treatment effects were analyzed with an 
ANOVA and Tukey’s HSD with significant differences indicated with superscript letters and p-values in bold 
indicate a significant result based on an alpha of 0.05. 
  
2012 
 
2014 
 
2015 
Treatment 
 
Tree Midstory 
 
Tree  Midstory 
 
Tree Midstory 
H 
         
 
BA 30.05 ± 3.07 2.02 ± 0.34 
 
31.87 ± 3.07 1.80 ± 0.34a 
 
32.38 ± 3.07 1.42 ± 0.37a 
 
density 2068 ± 270 9738 ± 10 
 
1901 ± 270a 6322 ± 10a 
 
2031 ± 270a 7501 ± 10a 
HF 
         
 
BA 31.37 ± 3.33 1.53 ± 0.37 
 
31.89 ± 3.33 2.11 ± 0.37a 
 
29.65 ± 3.33 1.42 ± 0.37a 
 
Density 1304 ± 288 7783 ± 11 
 
1516 ± 288a 7483 ± 11a 
 
1343 ± 288b 2884 ± 11ab 
MH 
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BA 30.16 ± 3.10 1.99 ± 0.35 
 
24.71 ± 3.10 0.17 ± 0.35b 
 
25.35 ± 3.10 0.36 ± 0.35b 
 
Density 2044 ± 276 9965 ± 11 
 
511 ± 276b 1136 ± 11b 
 
523 ± 276c 4957 ± 11a 
MHF 
         
 
BA 33.31 ± 3.10 2.26 ± 0.35 
 
27.59 ± 3.10 0.21 ± 0.35b 
 
31.14 ± 3.10 0.10 ± 0.35b 
 
density 1813 ± 276 11312 ± 11   692 ± 276b 1126 ± 11b   625 ± 276c 1117 ± 11b 
 p = 0.63 p = 0.28  p = 0.24 p < 0.01  p = 0.30 p = 0.02 
  p = 0.14 p = 0.39  p < 0.01 p < 0.01  p < 0.01 p = 0.02 
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Table 3. Percent change by in relative basal area (m2/ha) and relative density (trees/ha) by tree species (> 3 cm DBH) from 2012 to 2015 survey 
years by treatment (H = herbicide; HF = herbicide and fire; MH = mastication and herbicide; MHF = mastication, herbicide and fire). Relative 
index values were calculated as the proportion each species occupied a plot by year (2012 and 2015), with percent change determined as the 
difference in proportions between 2015 and 2012 survey years by species and averaged across treatments by species. Differences in relative 
distributions were analyzed with an ANOVA and Tukey’s HSD with significant differences indicated in bold and between treatment differences 
indicated with superscript letters based on an alpha of 0.05. 
Species  
H HF MH MHF p-value 
BA density BA Density BA Density BA Density BA Density 
Acer rubrum -0.149 -0.34 -0.002 -0.03 0.015 0.068 0.001 0.001 0.50 0.52 
Ailanthus altissima -0.001 -0.001 0.001 0.001 0.001 0.001 -0.3 -0.735 0.41 0.41 
Baccharis halimifolia -0.001 -0.004 0.005 0.062 -0.018 -0.244 -0.01 -0.148 0.40 0.40 
Celtis laevigata  0.002 0.049 0.008 0.004 0.373 0.203 -0.005 0.222 . 0.68 
Diospyrus virginiana -0.001 -0.001 0.001 0.001 0.001 -0.081 -0.005 -0.001 0.41 0.41 
Fraxinus pennsylvanica 0.479 -0.01 0.225 -0.138 0.115 1.94 -0.005 0.132 0.68 0.41 
Ilex vomitoria 0.531 8.103 -0.233 -1.357 -0.368 -1.824 -1.118 0.842 0.12 0.23 
Juniperus virginiana var. silicicola 0.234 0.165 0.153 0.053 0.181 0.947 -0.001 0.313 0.39 0.43 
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Liquidambar styraciflua 0.261 3.483 0.246 0.546 0.051 0.572 -0.046 -1.488 0.98 0.20 
Melia azedarach -0.014 -0.043 0.001 0.004 -0.001 0.001 -0.215 -0.239 0.41 0.41 
Morella cerifera 0.402 1.225 -0.009 2.236 -0.8 -8.952 -0.912 -7.98 0.30 0.19 
Morus rubra 0.017 -0.024 -0.001 0.001 0 0.001 0.001 0.001 0.49 0.49 
Nyssa sylvatica  0.001 0.001 -0.001 -0.001 0.043 0.374 -0.001 0.001 0.11 . 
Pinus elloittii 6.429 5.508 4.998 15.324 12.011 31.204 7.172 16.089 0.71 0.19 
Pruns serotina 0.118 -0.21 0.025 -0.447 0.018 0.509 -0.048 -0.004 0.14 0.68 
Quercus hemisphaerica 0.279 0.184 -0.768 -0.028 2.123 1.827 0.522 1.693 0.45 0.35 
Quercus nigra 0.483 0.041b 0.829 0.484b 0.234 1.452b 1.114 7.429a 0.69 0.04 
Quercus pagoda 0.068 -0.325 0.023 -0.5 0.08 0.965 0.15 1.1 0.39 0.23 
Quercus virginiana 0.188a 0.086 0.764a -0.103 1.024a 2.459 3.476b 3.943 < 0.01 0.15 
Sabal palmetto 0.009 -0.057 0.622 1.571 0.02 0.681 0.367 1.03 0.45 0.21 
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Table 4. Treatment effect (M = mastication; F = fire; M & F = combination of mastication and fire) means, standard 
errors, and test statistics of the treatment effect for the percent change in relative density (trees/ha) from 2012 to 2015 for 
the most commonly recorded tree species (> 3 cm in DBH). Values in bold indicate significant differences based on an 
alpha of 0.05.  
Species M   F   M & F 
Acer rubrum 0.07 ± 0.05 0.23 
 
-0.03 ± 0.04 0.41 
 
-0.00 ± 0.06 0.99 
Fraxinus pennsylvanica 1.11 ± 0.97 0.27 
 
-0.97 ± 0.98 0.34 
 
-0.47 ± 1.12 0.68 
Ilex vomitoria -3.86 ± 3.78 0.32 
 
-3.40 ± 3.83 0.39 
 
-0.80 ± 4.36 0.86 
Juniperus virginiana var. silicicola 0.52 ± 0.41 0.21 
 
-0.37 ± 0.41 0.37 
 
-0.08 ± 0.47 0.87 
Liquidambar styraciflua -2.47 ± 1.64 0.15 
 
-2.50 ± 1.65 0.14 
 
-3.02 ± 1.89 0.12 
Morella cerifera -10.2 ± 4.46  0.03 
 
0.99 ± 4.50 0.83 
 
-6.15 ± 5.13 0.24 
Pinus elloittii 13.2 ± 8.19 0.12 
 
-2.65 ± 8.29 0.75 
 
-1.26 ± 9.43 0.90 
Quercus hemisphaerica 1.68 ± 0.90 0.08 
 
-0.17 ± 0.91 0.85 
 
1.03 ± 1.04 0.33 
Quercus nigra 4.00 ± 1.86 0.04 
 
3.03 ± 1.88 0.12 
 
6.65 ± 2.14 0.01 
Quercus pagoda 1.45 ± 0.67 0.04 
 
-0.02 ± 0.67 0.98 
 
1.05 ± 0.77 0.19 
Quercus virginiana 3.21 ± 1.39 0.03   0.65 ± 1.40 0.65   3.13 ± 1.60 0.06 
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Table 5. Percent change in midstory (< 3 cm DBH; > 1.4 m tall) basal area (m2/ha) and density (trees/ha) from 2012 to 2015 survey years 
by species and treatment (H = herbicide; HF = herbicide and fire; MH = mastication and herbicide; MHF = mastication, herbicide and fire). 
Relative index values were calculated as the proportion each species occupied a plot by year (2012 and 2015) with percent change 
determined as the difference in proportions between 2015 and 2012 survey years by species and averaged across treatments by species. 
Differences in relative distributions were analyzed with an ANOVA and Tukey’s HSD with significant differences indicated in bold and 
between treatment differences indicated with superscript letters based on an alpha of 0.05. 
Species 
H HF MH MHF 
p-value BA Density BA Density BA Density BA Density 
Baccharis halimifolia -0.029 0.017 0.018 -0.098 -0.254 0.333 -0.454 -0.385 0.39 0.31 
Callicarpa americana 0.032 0.051 0.011 0.033 1.982 1.420 -0.001 -0.001 0.67 0.89 
Ilex vomitoria 12.502a 6.309 -23.70b 6.694 95.26a 13.087 -3.39ab -5.459 0.04 0.86 
Juniperus virginiana var. silicicola -0.001 0.001 0.069 0.445 -0.031 -0.041 -0.007 -0.038 0.25 0.30 
Lantana camara 0.027 0.757 0.009 -0.006 -0.031 -0.058 0.015 2.435 0.62 0.53 
Liquidambar styraciflua 3.287 3.834 0.241 0.105 0.806 0.397 3.593 6.012 0.57 0.52 
Morella cerifera -9.627 -1.937 8.291 23.969 46.368 23.863 -2.355 3.921 0.24 0.08 
Pinus elliottii 3.297 2.894a 12.676 12.488a -13.78 -26.20b 16.513 4.503a 0.08 0.04 
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Prunus serotina 0.120 0.073 -0.001 -0.001 0.001 0.000 0.001 -0.001 0.31 0.22 
Quercus hemisphaerica 0.089 0.037 -0.001 -0.001 -0.007 -0.019 0.001 -0.001 0.46 0.35 
Quercus nigra -0.140 -0.018 0.175 0.069 -0.028 -0.038 0.002 0.621 0.30 0.67 
Quercus pagoda 0.280 0.145 -0.081 -0.154 -0.087 -0.065 -0.009 -0.033 0.22 0.17 
Quercus virginiana 0.122 0.120 -0.192 0.060 -0.124 -0.090 -0.087 -0.164 0.09 0.45 
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Table 6. Treatment effect (M = mastication; F = fire; M & F = combination of mastication and fire) means, standard 
errors, and test statistics of the treatment effect for the percent change in relative density (trees/ha) from 2012 to 2015 
for midstory species (< 3 cm in DBH; > 1.4 m tall). Values in bold indicate significant differences based on an alpha 
of 0.05. 
Species M   F   M & F 
Baccharis halimifolia 0.01 ± 0.27 0.96 
 
-0.42 ± 0.21 0.06 
 
-0.47 ± 0.32 0.15 
Callicarpa americana 0.67 ± 1.53 0.67 
 
0.72 ± 1.54 0.65 
 
0.50 ± 1.76 0.78 
Ilex vomitoria -2.69 ± 15.4 0.86 
 
-9.08 ± 15.58 0.57 
 
-14.2 ± 17.7 0.43 
Juniperus virginiana var. 
silicicola -0.26 ± 0.20 0.19 
 
0.22 ± 0.20 0.27 
 
-0.17 ± 0.23 0.45 
Lantana camara 0.81 ± 1.32 0.55 
 
0.86 ± 1.34 0.52 
 
2.20 ± 1.53 0.16 
Liquidambar styraciflua 1.46 ± 3.10 0.64 
 
1.17 ± 3.13 0.71 
 
4.72 ± 3.57 0.20 
Morella cerifera 2.88 ± 8.32 0.73 
 
2.98 ± 8.42 0.73 
 
-11.4 ± 9.58 0.25 
Pinus elliottii -18.5 ± 9.66 0.04 
 
20.15 ± 9.76 0.05 
 
8.11 ± 11.1 0.47 
Quercus hemisphaerica -0.03 ± 0.02 0.23 
 
-0.00 ± 0.02 0.69 
 
-0.00 ± 0.03 0.82 
 217 
 
Quercus nigra 0.27 ± 0.43 0.55 
 
0.37 ± 0.44 0.40 
 
0.62 ± 0.50 0.23 
Quercus pagoda -0.04 ± 0.09 0.64 
 
-0.13 ± 0.09 0.17 
 
-0.00 ± 0.11 0.94 
Quercus virginiana -0.22 ± 0.14 0.13 
 
-0.07 ± 0.14 0.64 
 
-0.19 ± 0.16 0.24 
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Table 7. Effect of treatment (H = herbicide; HF = 
herbicide and fire; MH = mastication and 
herbicide; MHF = mastication, herbicide and 
fire), year, and treatment effects (M = 
mastication; F = fire; M & F = combination of 
mastication and fire) on regeneration and 
herbaceous ground layer richness at Parris Island, 
SC.  P-values in bold indicate a significant result 
based on an alpha of 0.05. 
Treatment 
Regeneration 
(richness) 
Ground 
layer 
(richness) 
H 5.6 ± 0.5 6.9 ± 0.8 
HF 5.8 ± 0.5 7.2 ± 0.8 
MH 5.4 ± 0.5 7.4 ± 0.8 
MHF 5.0 ± 0.5 8.7 ± 0.8 
  p = 0.62 p = 0.11 
2012 4.9 ± 0.35 5.8 ± 0.6 
2014 5.7 ± 0.35 7.7 ± 0.6 
2015 5.7 ± 0.35 9.2 ± 0.6 
  p < 0.01 p < 0.001 
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 M p = 0.28 p = 0.16 
F p = 0.83 p = 0.24 
M & F p = 0.24 p = 0.03 
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Table 8. Change in regeneration and ground layer richness by treatment (H = 
herbicide; HF = herbicide and fire; MH = mastication and herbicide; MHF = 
mastication, herbicide and fire) and year. Within year treatment differences 
were analyzed with an ANOVA and Tukey’s HSD with significant differences 
indicated with superscript letters. 
Treatment 
 
2012 
 
2014 
 
2015 
H 
      
 
Regeneration 5.1 ± 0.5 
 
5.6 ± 0.5 
 
6.0 ± 0.5 
 
Ground layer 6.0 ± 0.2 
 
5.5 ± 0.2 
 
7.8 ± 0.2 
HF 
      
 
Regeneration 5.5 ± 0.6 
 
6.2 ± 0.6 
 
5.5 ± 0.6 
 
Ground layer 5.7 ± 0.2 
 
7.3 ± 0.2 
 
8.0 ± 0.2 
MH 
      
 
Regeneration 4.8 ± 0.5 
 
5.5 ± 0.5 
 
6.0 ± 0.5 
 
Ground layer 4.5 ± 0.2 
 
8.2 ± 0.2 
 
8.4 ± 0.2 
MHF 
      
 
Regeneration 4.3 ± 0.5 
 
5.4 ± 0.5 
 
5.5 ± 0.5 
  Ground layer 6.1 ± 0.2 
 
8.2 ± 0.2 
 
11.6 ± 0.2 
  p = 0.15 p = 0.72 p = 0.81 
  p = 0.22  p = 0.26  p = 0.12 
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Table 9. Change in relative cover of regenerating woody species from 2012 to 2015 survey years by treatment (H = herbicide; HF = 
herbicide and fire; MH = mastication and herbicide; MHF = mastication, herbicide and fire) and treatment effect (M = mastication; F = 
fire; M & F = combination of mastication and fire). Relative percent cover values were calculated as the proportion each species by plot 
and by year (2012 and 2015), with percent change determined as the difference in proportions between 2015 and 2012 survey years by 
species and averaged across treatments by species. Differences in relative distributions were analyzed with an ANOVA and Tukey’s 
HSD with significant differences indicated in bold and between treatment differences indicated with superscript letters based on an alpha 
of 0.05. 
Species 
Treatments   Treatment Effects 
H HF MH MHF p-value 
 
M F M & F 
Acer rubrum 1.58 -0.02 0.22 0.00 0.45 
 
-0.7 ± 0.8 0.43 -0.9 ± 0.8 0.29 -0.6 ± 0.9 0.54 
Baccharis halimifolia 0.00 0.00 0.58 0.00 0.41 
 
0.3 ± 0.3 0.33 -0.3 ± 0.3 0.33 0.2 ± 0.3 0.57 
Callicarpa americana 0.00 0.56 3.71 0.26 0.45 
 
1.7 ± 1.8 0.36 -1.4 ± 1.9 0.44 -1.2 ± 2.1 0.59 
Celtis laevigata -0.20 0.34 -0.06 0.55 0.51 
 
0.2 ± 0.4 0.66 0.6 ± 0.4 0.16 0.5 ± 0.5 0.27 
Fraxinus pennsylvanica 0.06 0.28 0.00 0.22 0.37 
 
-0.1 ± 0.1 0.61 0.2 ± 0.1 0.09 0.1 ± 0.1 0.48 
Ilex vomitoria 1.60 7.45 -14.70 -7.28 0.21 
 
-15.5 ± 7.4 0.05 6.6 ± 7.5 0.39 -5.4 ± 8.6 0.54 
Juniperus virginiana var. silicicola -0.06 -0.09 -0.07 -0.08 0.98 
 
. 0.99 . 0.71 . 0.90 
Lantana camara -0.02 0.15 -0.05 0.05 0.82 
 
-0.1 ± 0.1 0.66 0.1 ± 0.1 0.40 . 0.91 
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Liquidambar styraciflua 0.37 -0.92 0.16 0.26 0.63 
 
0.5 ± 0.7 0.52 -0.6 ± 0.7 0.43 0.4 ± 0.8 0.65 
Morella cerifera 0.15 7.57 1.70 5.47 0.86 
 
-0.3 ± 6.7 0.97 5.6 ± 6.8 0.42 2.3 ± 7.8 0.77 
Pinus elliottii -4.29ab -22.1b 16.03a -1.76ab 0.01 
 
20.3 ± 6.8 0.01 -17.8 ± 7 0.02 1.7 ± 7.9 0.83 
Prunus serotina -0.32 1.45 0.37 0.00 0.27 
 
-0.4 ± 0.6 0.55 0.7 ± 0.6 0.28 -0.5 ± 0.7 0.49 
Quercus hemisphaerica 0.02 0.00 0.00 0.00 0.49 
 
. 0.39 . 0.39 . 0.61 
Quercus nigra 0.88 1.18 -0.22 -0.03 0.23 
 
-1.2 ± 0.5 0.05 0.3 ± 0.6 0.65 -0.6 ± 0.6 0.32 
Quercus pagoda 0.05 0.00 0.00 0.00 0.49 
 
. 0.39 . 0.39 . 0.61 
Quercus virginiana 0.84 0.16 0.10 2.20 0.47  0.7 ± 1.0 0.54 0.7 ± 1.0 0.50 1.8 ± 1.2 0.14 
 223 
 
Table 10. Mean (± SE) treatment (H = herbicide; HF = herbicide and fire; MH = mastication and herbicide; MHF = mastication, herbicide and 
fire) and treatment effects (M = mastication; F = fire; M & F = combination of mastication and fire) on percent change in relative cover of 
ground layer habit functional type between 2012 and 2015. Values in bold indicate significant differences based on an alpha of 0.05. 
  Treatments   Treatment Effects 
 
H HF MH MHF   
 
M F M & F 
Forbs -3.3 ± 5.3 4.3 ± 6.1 8.5 ± 5.6 7.2 ± 5.6 0.50 
 
7.4 ± 6.1 0.24 3.2 ± 6.1 0.61 4.1 ± 7.0 0.57 
Graminiods 6.4 ± 5.5 7.1 ± 6.3 7.4 ± 5.8 12.8 ± 5.8 0.86 
 
3.4 ± 5.9 0.57 3.0 ± 5.9 0.61 5.9 ± 6.8 0.40 
Subshrubs 3.0 ± 7.7 -3.1 ± 8.7 4.6 ± 8.1 -25.6 ± 8.1 0.04 
 
-10.4 ± 7.9 0.20 -18.2 ± 8.0 0.03 -27.1 ± 9.1 <0.01 
Vines -6.7 ± 7.5 3.4 ± 8.7 -20.6 ± 8.0 1.2 ± 8.0 0.23  -8.1 ± 8.6 0.36 16.0 ± 8.6 0.08 9.2 ± 9.9 0.36 
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FIGURES
 225 
 
 
Figure 1. The effect of treatment type ((H = herbicide; HF = herbicide and fire; MH = 
mastication and herbicide; MHF = mastication, herbicide and fire) on mean (± SE) stand 
(> 3cm in DBH) basal area (m2/ha) by survey year.  
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Figure 2. The effect of treatment (H = herbicide; HF = herbicide and fire; MH = 
mastication and herbicide; MHF = mastication, herbicide and fire) on mean (± SE) 
midstory (< 3 cm DBH; < 1.4 m tall) density (tree/ha) by survey year.
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Figure 3. Change in mean (± SE) ground layer herbaceous richness by treatment type (H 
= herbicide; HF = herbicide and fire; MH = mastication and herbicide; MHF = 
mastication, herbicide and fire) and survey year
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CHAPTER SEVEN 
 
CONCLUSION 
 
 
Management of invasive plant species requires an understanding of the species, 
the invaded community, and the ecological processes and functions leading to or 
resulting from invasion. The purposes of the studies described in this dissertation were to 
increase understanding of Chinese tallow (Triadica sebifera (L.) Small), develop methods 
for control, and to use the knowledge gained to inform management decisions. We 
reviewed current understandings of the species and known community traits that facilitate 
invasion. Based on this synthesis of the literature, we were able to determine current gaps 
in the knowledge of Chinese tallow invasion ecology. We have attempted to fill gaps in 
knowledge of processes that facilitate invasion and differences in ecological conditions 
that favor invasion. We further considered the causes of time lags and exponential 
increases in population growth, long distance and forest interior seed dispersal, and 
control methods for effective management in maritime forests. These questions were 
addressed by investigating the current and historic conditions that might be aiding 
invasion, establishment, and dominance of Chinese tallow. We also investigated the 
potential role of white-tailed deer as a dispersal agent. We developed and tested several 
management options with respect to controlling Chinese tallow invasions and to their 
impact on the native plant community.  
Investigating the structure and dynamics of successfully invaded communities in 
comparison to less invaded communities can increase knowledge regarding the invasive 
traits of the species and the ecological conditions that favor increased susceptibility to 
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invasion. Disturbance is often cited as an important factor in facilitating plant invasions 
(Higgins and Richardson 1998, Lonsdale 1999, Buckley et al. 2007), as disturbance can 
increase resource availability in a community allowing invasive plants to establish if 
resources are not quickly acquired by native species (Davis et al. 2000). We investigated 
the effects of anthropogenic disturbance on invasion by Chinese tallow in the maritime 
forest of Parris Island, South Carolina. While Chinese tallow invasions had been 
associated previously with disturbance in general, our study is the first to clearly establish 
effects of both historical and contemporary disturbance regimes. Stands previously 
cleared for agriculture and reforested with slash pine (Pinus elliottii Englem.) since the 
1970s (disturbed stands) had significantly more Chinese tallow stems than stands that 
remained forested since 1939 (remnant stands). Remnant stands were more variable in 
species composition and had significantly higher woody species diversity. Disturbed 
stands were more homogeneous, dominated by fewer species, and had a denser woody 
understory. Contemporary management practices, prescribed burning and thinning 
increased Chinese tallow abundance. Chinese tallow individuals were found to establish 
within the year of forest thinning. The number of Chinese tallow individuals established 
at Parris Island increased exponentially through time.  
The results of this study increased our understanding of the role land-use legacies 
and modern forestry practices had in facilitating the establishment of Chinese tallow. 
Future management in these stands will need to consider ways to mitigate the disturbance 
of thinning on Chinese tallow. A frequent, surface fire regime may help reduce 
establishment opportunities following thinning and should be investigated. In addition, 
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the time lag prior to exponential increase in the Chinese tallow population was found to 
correspond with an increase in forest management activities. This finding provides some 
evidence that lag phases in the population growth of Chinese tallow at Parris Island may 
occur as a result of alterations in resource availability and not due to the development of a 
superior genotype or from an unperceived steady rate of increase.   
Understanding the mode of transportation of propagules to new locations is 
important for modelling potential spread of invasive plant species and informing 
management decisions to prevent spread. Dispersal agents can differ in their ability to 
spread seeds throughout a habitat type. White-tailed deer (Odocoileus virginianus) are 
indicated as being better seed dispersers in forest interiors than avian dispersers 
(Castellano and Gorchov 2013). Although white-tailed deer are known to disperse the 
seeds of non-native invasive species in other ecosystems (Stromayer et al. 1998, Myers et 
al. 2004, Williams and Ward 2006, Castellano and Gorchov 2013), we did not find that 
they dispersed the seeds of Chinese tallow or other woody, non-native invasive plants of 
management concern. White-tailed deer however, did disperse other non-native plants at 
Parris Island. While the non-native species that were dispersed by deer are not invasive, 
their populations should be monitored for potential impact on the ecological community.  
Trophic interactions are important in understanding invasion dynamics. While we 
found that white-tailed deer do not disperse seeds of Chinese tallow, our results provide 
additional information indicating that deer may not browse Chinese tallow. Future studies 
should determine if preferential browsing of native species is favoring and increasing the 
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competitive capacity of Chinese tallow, especially if deer densities are at levels higher 
than the carrying capacity of the community. 
Understanding the mechanisms for invasion is important for informing managers 
of potential techniques to control Chinese tallow. The information gained from these 
studies can help to develop site-based management systems as they can elucidate how 
certain traits might be favored under a certain set of environmental conditions. Scientists 
have been criticized for not closing the research gap on improving invasive plant control 
(Stromberg et al. 2009). There is a critical need for evaluating methods that are the most 
relevant to natural resource managers with considerations to the complexity of natural 
communities (Pearson et al. 2009, Kettenring and Adams 2011). We attempted to answer 
this question by bringing together documented phenological and ecological studies on 
Chinese tallow, the current and desired ecological conditions of the community, and the 
processes that may aid in a continued reduction in the Chinese tallow population. Among 
the four treatments tested in our study, mastication, herbicide and fire (MHF), 
mastication and herbicide (MH), herbicide and fire (HF), and herbicide (H) tested in the 
study, the MHF was the most effective at reducing Chinese tallow density without having 
a significant increase in the ground layer regeneration. However, without continuing to 
manage these areas with frequent prescribed surface fires, the Chinese tallow population 
would likely rebound due to its rapid growth, aggressive vegetative reproduction, and 
ability to form a persistent seed bank. Research is still needed to determine the effects of 
a frequent, surface fire regime on the re-sprouting ability of Chinese tallow.  
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These treatments may result in an increase in community resistance to invaders, 
however, that hypothesis has yet to be tested. In addition to being the most effective at 
controlling Chinese tallow, MHF also reduced midstory density of yaupon (Ilex vomitoria 
Aiton), and wax myrtle (Morella cerifera (L.) Small), promoted desired oak species, and 
increased ground flora richness. Measuring the invasion resistance in a community and 
how it can be manipulated through management action is a critical research need as 
biological invasion and ecosystem change become more pervasive. Measures of 
resistance will require long-term investigations which will also provide an experimental 
approach to the role of propagule pressure in invasion ecology.  
Overall, the studies conducted in this dissertation increased the understanding of 
the community processes that aided in the establishment and spread of Chinese tallow at 
Parris Island. In addition, through development and testing of management options for 
control of Chinese tallow, we were able to bridge some of the gap in invasive species 
management in coastal forests by using an approach that considered the species and the 
community. Our studies occurred in the biologically threatened, rarely studied, maritime 
forest community of the southeastern United States. The vegetation data provided here 
may be relevant to those seeking to restore, conserve, or understand the structure and 
composition of these forests, and the nature of vegetation that occupies them post-
disturbance.  
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Appendix A 
Plant Species Identified in the Understory of all Remnant Plots  
(Those Forested Since at Least 1939) at Parris Island, South Carolina 
Scientific name Common name 
Acer rubrum L.  red maple 
Aesculus pavia L.  red buckeye 
Arisaema triphyllum (L.) Schott Jack in the pulpit 
Asplenium platyneuron (L.) Britton, Sterns & Poggenb. ebony spleenwort 
Baccharis halimifolia L.  eastern baccharis 
Callicarpa americana L.  American beautyberry 
Campsis radicans (L.) Seem. ex Bureau trumpet creeper 
Celtis laevigata Willd.  sugarberry 
Chasmanthium laxum (L.) Yates slender woodoats 
Dichanthelium commutatum (Schult.) Gould variable panicgrass 
Fraxinus pennsylvanica Marshall green ash 
Gelsemium sempervirens (L.) W.T. Aiton evening trumpetflower 
Hexastylis arifolia (Michx.) Small var arifolia littlebrownjug 
Ilex glabra (L.) A. Gray inkberry 
Ilex vomitoria Aiton yaupon 
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Ligustrum sinense Lour.  Chinese privet 
Liquidambar styraciflua L.  sweetgum 
Liriope spicata (Thunb.) Lour.  creeping liriope 
Morella cerifera (L.) Small waxmyrtle 
Morus rubra L.  red mulberry 
Pathenocissus quinquefolia (L.) Planch.  Virginia creeper 
Persea borbonia (L.) Spreng.  redbay 
Pinus elliottii Englem. slash pine 
Pinus glabra Walter spruce pine 
Prunus serotina Ehrh.  black cherry 
Quercus hemisphaerica W. Bartram ex Willd.  Darlington oak 
Quercus nigra L. water oak 
Quercus virginiana Mill.  live oak 
Rubus flagellaris Willd.  northern dewberry 
Sabal palmetto (Walter) Lodd. ex Schult. & Schult. f.  palmetto 
Serenoa repens (W. Bartram) Small saw palmetto 
Smilax bona-nox L.  saw greenbrier 
Smilax pumila Walter sarsparilla vine 
Smilax rotundifolia L.  roundleaf greenbrier 
Toxicodendron radicans (L.) Kuntze eastern posion ivy 
Vaccinium arboreum Marshall tree sparkleberry 
Vitis rotundifolia Michx.  muscadine 
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Appendix B 
Determining the Biomass of Coarse Woody Debris (CWD) 
for Chinese tallow at Parris Island  
Fuels Measurements 
All CWD (stem diameters greater than 7.6 cm) of Chinese tallow that crossed each fuel 
sampling transect (Chapter 5) were measured for total length (m), diameter at both ends 
of the log length (or to 7.6 cm), and diameter at the middle point of the log (Figure 1).  
Figure 1. Field measurements taken on coarse woody debris (> 7.6 cm) of Chinese 
tallow.  
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Biomass and Volume Calculations 
In order to determine the biomass of an entire log, stem disks were destructively collected 
from Chinese tallow felled in the field. The disks were taken at set intervals along the log 
(0, 30, 60, 90, 140, and every 50 cm, thereafter). Each disk was measured at three 45º 
angles to determine average diameter (d) and width (w). Volume of each disk was 
calculated by: 
Disks were oven dried at 80º C for 48 hours, or until a constant dry weight was reached 
and weighed to the nearest 0.05 g (Table 1).  
Table 1. Disk diameter, width, mass, and 
volume of sampled Chinese tallow disks to 
determine mass of a log at Parris Island, South 
Carolina.  
diameter 
(cm) 
width 
(cm) 
mass 
(g) vol (cm3)
21.25 3.7 731.8 1312.23 
14.51 4.6 302.4 760.96 
17.43 4.9 307.75 1169.63 
12.58 3.2 194.5 397.87 
17.73 6.6 889.65 1628.75 
11.00 3.5 167.4 332.68 
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12.67 3.4 208.55 428.69 
15.11 2.8 189.95 501.95 
12.85 3.1 197.65 401.90 
12.10 3.4 165.2 391.03 
19.60 5.8 989.95 1749.97 
18.50 7.8 996.75 2096.66 
18.20 6.7 828.55 1743.04 
25.00 5.3 1112.5 2601.63 
16.50 5.7 549.65 1218.80 
20.50 5.9 942.05 1947.38 
20.50 6 1083.15 1980.38 
15.50 5.9 520.1 1113.28 
22.50 5.5 1106.75 2186.84 
20.70 4.7 722.5 1581.72 
14.60 2.9 251.25 485.70 
10.95 3.8 160.3 357.81 
14.54 2.9 210.65 481.21 
8.67 3.3 101.5 194.94 
14.87 4.1 373.25 711.96 
8.97 2.4 115.05 151.65 
10.53 3.7 157.55 322.03 
10.41 2.3 88.5 195.71 
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11.33 3.3 165.35 332.59 
10.23 2.5 113.65 205.39 
14.07 2.7 209.6 419.82 
9.64 4.3 141.8 314.02 
12.89 2.7 170.9 352.59 
7.73 3.4 80.65 159.48 
14.64 3.9 305.5 656.32 
9.27 1.7 83.45 114.85 
9.35 3.2 111.05 219.53 
8.95 2.4 90.9 150.99 
9.62 2.8 95.1 203.67 
9.62 2.6 98.35 188.90 
13.12 3.1 204.35 418.85 
9.09 4.3 123.8 278.89 
12.51 3 180 368.69 
7.48 3.5 76.15 153.87 
13.45 3.6 269.65 511.57 
9.39 2.3 91.05 159.28 
8.76 2.7 82.95 162.68 
8.74 2 81.2 119.97 
8.99 2.6 90.45 165.21 
9.42 2.6 90.5 181.27 
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12.84 2.9 230.15 375.57 
8.60 4.1 112.35 238.16 
11.51 3 153.4 312.28 
13.62 3.2 209.85 466.20 
8.52 1.9 69.65 108.24 
8.35 3.2 94.8 175.08 
8.06 3.3 82.1 168.30 
8.11 2.9 83.45 149.84 
8.41 3.2 94.1 177.79 
10.78 2.8 130.55 255.48 
8.15 3.8 83.05 198.17 
10.98 3.2 123.8 302.74 
11.03 3.4 182.8 324.92 
8.84 2.4 98.55 147.38 
8.09 2.9 80.95 149.20 
7.76 2.8 82.45 132.57 
7.91 2.5 65.2 122.79 
10.55 3 151.25 262.17 
7.61 3.9 84.05 177.48 
10.25 2.5 96.95 206.40 
11.28 4.2 210.35 419.64 
7.63 2 59.7 91.35 
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8.10 3.1 78.65 159.77 
7.30 2.4 54.3 100.36 
7.62 2.7 69.95 123.00 
10.52 2.9 120.05 251.91 
8.00 4.3 105.05 216.38 
9.53 2.9 85.7 206.89 
10.35 3.2 134.4 269.37 
7.25 1.7 46.85 70.08 
7.40 3.1 71.95 133.29 
9.52 2.5 127.95 177.80 
7.03 3.4 52.8 132.06 
9.66 2.4 75.2 175.79 
10.10 3.2 134.55 256.16 
7.75 3.2 70.5 151.01 
8.45 2.4 79.3 134.64 
9.16 2.8 91.25 184.57 
9.77 3.5 132.6 262.16 
8.26 2.6 77.8 139.19 
8.57 1.9 67.7 109.63 
11.66 3.1 146.1 331.00 
9.26 2.8 112.45 188.50 
8.09 2.4 66.05 123.42 
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7.74 2.1 50.85 98.88 
9.15 2.9 101.9 190.75 
7.79 2.4 58.35 114.25 
7.61 1.9 40.75 86.34 
8.84 3.5 112.35 214.73 
7.44 2 48.35 86.83 
10.23 2.8 126.65 230.25 
8.07 3.4 94.6 174.08 
To determine the relationship between disk volume (cm3) and mass (g), for Chinese 
tallow a linear regression equation was derived using the volume and mass of each 
sampled disk (n = 103) (Figure 2). 
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Figure 2. Relationship of oven-dried mass (g) to volume (cm3) for destructively sampled 
Chinese tallow disks at Parris Island.  
To determine total mass of the log, total volume was calculated. The total volume of the 
log was determined by: 
The mass of a log was calculated with by using the linear regression equation calculated 
in SAS® 9.1.3 SAS Institute Inc., Cary, NC derived from the relationship between mass 
and volume for the destructively sampled stem disks.  
Global F = 3778.64; p < 0.001; R2 = 0.97; MSE = 85.96 
The derived equation was used to extrapolate the mass of each log that crossed the 
transect line using the calculated volume and averaged by the length of the transect line 
and calculated to a per hectare basis (Table 2). These values were then added to the other 
CWD species recorded on each transect within the experimental unit, and averaged by 
experimental unit to determine total CWD per hectare for that plot.  
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Table 2. The volume and mass of coarse woody debris of Chinese tallow recorded in experimental units at Parris Island. 
plot 
transe
ct 
total ln 
(cm) 
1/2 ln 
(cm) 
D1 
(cm) 
D2 
(cm) 
D3 
(cm) 
top vol 
(cm3) 
bottom vol 
(cm3) 
tot vol 
(cm3) mass (g) Mg Mg/ha 
5141 1 1630 815 21 14 7 784121.89 282283.88 
1066405.7
7 2167373 21.67 11.31 
5142 2 640 320 12 10 7 121642.47 72633.62 194276.09 394848.3 3.95 
5142 2 820 410 12 9 7 142007.84 82435.39 224443.23 456160.3 4.56 
5142 2 1200 600 27 13 7 753982.24 188495.56 942477.80 1915501 19.16 
5142 2 1270 635 17 13 7 448855.05 199491.13 648346.18 1317705 13.18 
5142 2 1340 670 21 14 7 644615.54 232061.60 876677.14 1781767 17.82 30.61 
5142 3 510 255 11 11 8 96933.84 72299.83 169233.67 343951.8 3.44 
5142 3 1190 595 22 13 7 572457.09 186924.76 759381.85 1543375 15.43 
5142 3 1230 615 25 12 7 661254.20 174370.17 835624.38 1698331 16.98 
5142 3 1340 670 23 13 7 681976.93 210486.71 892463.64 1813852 18.14 
5142 3 1390 695 24 18 7 962882.44 341157.33 1304039.7 2650343 26.50 42.01 
14123 1 190 95 16 14 14 67151.54 58496.46 125648.00 255367.9 2.55 
14123 1 320 160 24 17 17 211240.69 145267.24 356507.93 724569.9 7.25 
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14123 1 385 192.5 11 10 7 66674.41 43693.66 110368.08 224312.8 2.24 
14123 1 880 440 16 14 7 311017.67 152398.66 463416.33 941851.6 9.42 
14123 1 780 815 15 12 10 466632.54 309808.16 776440.70 1578045 15.78 19.44 
14123 3 360 180 11 7 5 45804.42 20357.52 66161.94 134467.8 1.34 
14123 3 400 200 9 7 7 40212.39 30787.61 70999.99 144300.7 1.44 
14123 3 470 235 17 11 8 144701.76 66629.25 211331.01 429510.9 4.30 
14123 3 750 375 14 11 7 184077.69 95425.88 279503.57 568065.5 5.68 6.66 
247 
Appendix C 
Herbaceous Species Identified in the Understory 
Treatment Plots at Parris Island, South Carolina. 
Scientific name Common name 
Ambrosia artemisiifolia L.  annual ragweed 
Andropogon virginicus L.  broomsedge bluestem 
Asplenium platyneuron (L.) Britton, Sterns & 
Poggenb. ebony spleenwort 
Campsis radicans (L.) Seem. ex Bureau trumpetcreeper 
Centrosema virginianum (L.) Benth.  spurred butterfly pea 
Cirsium horridulum Michx.  yellow thistle 
Croton capitatus Michx.  hogwort 
Cuscuta compacta Juss. ex Choisy compact dodder 
Cyperus retrorsus Chapm.  pine barren flatsedge 
Danthonia sericea Nutt.  downy danthonia 
Dichanthelium commutatum (Schult.) Gould variable panicgrass 
Digitaria sanguinalis (L.) Scop.  hairy crabgrass 
Dichanthelium scoparium (Lam.) Gould velvet panicum 
Erechtites hieraciifolius (L.) Raf. ex DC.  American burnweed 
Eupatorium capillifolium (Lam.) Small dogfennel 
Euphorbia pubentissima Michx.  false flowering spurge 
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Galium hispidulum Michx.  coastal bedstraw 
Galactia volubilis (L.) Britton downy milkpea 
Gelsemium sempervirens (L.) W.T. Aiton evening trumpetflower 
Hypericum hypericoides (L.) Crantz St. Andrew's cross 
Ipomoea cordatotriloba Dennst.  tievine 
Jacquemontia tamnifolia (L.) Griseb.  hairy clustervine 
Juncus effusus L.  common rush 
Juncus roemerianus Scheele  needlegrass rush 
Juncus scirpoides Lam.  needlepod rush 
Lonicera japonica Thunb.  Japanese honeysuckle 
Microstegium vimineum (Trin.) A. Camus Japanese stiltgrass 
Oldenlandia uniflora L.  clustered mille graines 
Oxalis stricta L.  common yellow oxalis 
Polypremum procumbens L. juniper leaf 
Rubus argustus Link sawtooth blackberry 
Rubus flagellaris Willd.  northern dewberry 
Scutellaria integrifolia L.  helmet flower 
Scleria triglomerata Michx.  whip nutrush 
Sesbania herbacae (Mill.) McVaugh bigpod sesbania 
Senna obtusifolia (L.) Irwin & Barneby  Java-bean 
Smilax bona-nox L.  saw greenbrier 
Smilax glauca Walter cat greenbrier 
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Smilax rotundifolia L. roundleaf greenbrier 
Solidago odora Aiton anisescented goldenrod 
Toxicodendron radicans (L.) Kuntze eastern poison ivy 
Vitis rotundifolia Michx.  muscadine 
